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摘要 

奈米級零價鐵 (Nanoscale zerovalent iron, NZVI)及雙金屬奈米鐵顆粒因具高比

表面積與還原勢能，能有效移除許多含鹵素有機汙染物，而廣泛應用於污染場址整

治中。然而奈米鐵顆粒 (Fe nanoparticles, Fe NPs) 因受顆粒特性與環境因子影響而易

聚集並沉澱，降低移動性和反應性。此外，奈米鐵顆粒受環境因子如離子組成和離

子強度等生成鈍化層改變顆粒表面特性，降低奈米鐵顆粒的反應性與長效性。故如

何提升並延長奈米鐵顆粒的有效性為當前一重要課題。除了奈米鐵顆粒的作用外，

其反應後生成之鐵離子與鐵氧化物在環境中與天然有機物之作用亦不可忽視。因此

本研究透過使用穩定分散的奈米鐵顆粒，探討不同反應條件下其之反應性與反應機

制，並探討後續於環境整治中的應用性。奈米鐵顆粒分別以物理性分散法與化學穩

定劑修飾法分散懸浮奈米顆粒，添加羧酸以移除鐵顆粒表面的鈍化層以增加並延長

有效性，更進一步探討腐植酸 (humic acid, HA) 與鐵 (銅) 離子生成的錯合物和共沉

澱物的反應性，用以評估奈米鐵顆粒後續處理之可行性。 

相較於奈米鐵團粒，分散之奈米鐵顆粒具較多的比表面積，因而增加對汙染物

如五氯酚之吸附量。常見陰離子 (Cl−, NO3
− 和 HCO3

−) 對穩定分散之奈米鐵顆粒的

影響指出，因 NO3
− 被鐵還原後於鐵表面生成氫氧化鐵沉澱，進而促進對汙染物的

吸附/絮聚現象，增加移除效率。而 HCO3
− 因於鐵表面生成碳酸鐵沉澱而明顯抑制

反應速率，Cl− 則沒有明顯促進作用。使用羧甲基纖維素 (Carboxymethyl cellulose, 

CMC) 作為分散劑包覆於鐵表面可有效分散並懸浮奈米顆粒。鹼性環境下由於

CMC的解離使顆粒更為分散而增加 CMC-Fe的反應性；CMC層促進汙染物如十溴

二苯醚擴散至鐵表面，但亦會抑制電子傳輸，降低降解效率。相較於未修飾的奈米

鐵顆粒，CMC 層可保護鐵表面受到陰離子的侵蝕作用，故其反應性並未受陰離子

之影響。由於 CMC 可延長奈米鐵顆粒的有效性，使 CMC 修飾之奈米鐵顆粒具有

現地處理之潛力。 

有機羧酸如甲酸 (formic acid, FA)、草酸 (oxalic acid, OA)、檸檬酸 (citric acid, 

CA) 可透過移除鈍化層改變表面特性，促進鐵顆粒的反應性。在相同酸當量濃度下，

鐵顆粒對汙染物如三氯乙烯的反應速率為 FA > OA > pure water ≅ CA。FA對 Fe2+
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無明顯錯合能力，透過提供 H+移除鐵表面鈍化層並生成磁鐵礦而提高吸附率；OA

與 CA 對 Fe2+具高錯合能力，可藉由形成可溶性錯合物移除鈍化層，OA 和 CA 與

鐵的錯合物依其氧化還原電位亦可進一步移除汙染物或降解副產物。然而高濃度的

OA 生成草酸鐵沉澱於鐵顆粒表面，反而降低反應性。鐵離子 (Fe2+) 與 HA 的錯合

反應亦可能改變其形態與反應性。Fe2+的反應性受 pH影響，於 pH 9環境中反應性

較高。HA 與 Fe2+錯合物 (HA-Fe) 亦有相同趨勢。還原性HA與 Fe2+的錯合物 (RHA-

Fe) 較未處理 HA與 Fe2+錯合物 (UHA-Fe) 有較高的反應性；但 HA與 Fe的錯合反

應可能因與污染物競爭電子而降低 Fe2+的反應性。 此外，RHA 抑制 Fe2+於鹼性環

境下生成沉澱物，卻形成更多的 HA-Fe3+。而高濃度 Fe2+和 Cu2+在 HA 存在下可共

沉澱生成膠體顆粒。HA-Fe的膠體顆粒相比較，HA-Cu有較高的反應性，並且有較

明顯的顆粒外型與結構。RHA-Cu 顆粒的穩定性高甚至有小部分 Cu2+還原為 Cu0，

其反應性也較 UHA-Cu高。  

此研究針對穩定分散的奈米鐵顆粒與汙染物之間的反應，得其反應機制與不同

環境條件下之反應性；由 CMC 修飾奈米鐵顆粒探討現地應用之可行性；透過表面

特性的改變，增加鐵顆粒的有效性，並發現腐植酸與鐵 (銅) 離子之間的錯合反應

可生成具反應性之錯合物甚至膠體顆粒。對於奈米鐵顆粒應用於現地整治方面，可

提供進一步資訊評估其可行性。鐵 (銅) 離子於厭氧環境中可生成具反應性的錯合

物與膠體顆粒，可進一步建立與天然腐植物質相關之綠色整治技術。 

 

 

關鍵字: 奈米鐵顆粒、顆粒穩定性、CMC修飾奈米鐵顆粒、羧酸、腐植酸、鐵錯合

物、金屬膠體顆粒。 
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Abstract 

Nanoscale zerovalent iron (NZVI) and bimetallic Fe nanoparticles (NPs) have 

significant potential for the remediation of a wide array of priority pollutants. Their 

properties of a large surface area and high reduction potential generated significant interest 

in their application for in-situ remediation. However, Fe NPs aggregate immediately that 

significantly reduce their mobility and reactivity. Furthermore, corrosion processes form 

precipitates on the Fe surface, whose passive layers resulted in a rapid decrease in activity 

and longevity. Therefore, methods to enhance/extend the colloidal stability and reactivity 

of Fe NPs are needed. On the other hand, it is important to understand the reactivity of Fe 

ions and Fe oxides after the application of Fe NPs. Fe NPs were dispersed successfully via 

physical (ultrasonication (US)) and chemical (CMC stabilizer) dispersion methods under 

different environmental conditions. Carboxylic acids including formic acid (FA), oxalic 

acid (OA) and citric acid (CA), were applied to prolong the Fe particles reactivity by 

removing passive layers on the Fe surface. Furthermore, the activity of Fe (Cu) 

complexes/precipitates with humic acid (HA) to mimic natural environments was assessed 

for subsequent treatments. 

Well-dispersed bare Fe NPs enhanced the adsorption of contaminants such as 

pentachlorophenol onto the Fe surface, as compared to Fe aggregates. In the presence of 

common anions (Cl−, NO3
− and HCO3

−), NO3
− was reduced by Fe NPs and generated more 

Fe (hydro)oxides that responded to increase the adsorption/coagulation of the target 

compound. The inhibition of Fe reactivity by HCO3
− may be due to the formation of 

precipitates on the Fe surface while Cl− only caused a small increasing in Fe reactivity. The 

presence of CMC suspended Fe NPs very well and dispersed them into individual particles 
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instead of nanoparticle aggregates. Due to the properties of CMC, the reactivity of CMC-

Fe NPs toward decabromodiphenyl ether was enhanced under alkaline conditions. The 

reaction rate was considered as a surface chemical reaction because the CMC layers 

induced diffusion for the target compound to the Fe surface. But CMC layers may also 

hinder the electron transfer. Anions did not influence the reactivity of CMC-Fe NPs 

compared with bare Fe NPs, indicating that the CMC layers may inhibit surface corrosions 

and thus prolong the reactivity of Fe NPs in the environment.  

Common carboxylic ligands (FA, OA and CA) induced the reactivity of Fe particles 

toward trichloroethylene following an order of FA > OA > pure water ≅ CA by dissolving 

Fe oxides from the Fe surface. FA provided protons to promote the dissolution of passive 

layers and to convert iron oxides to form magnetite which increased the adsorption of the 

target compound onto the Fe surface. With the strong complexing ability, OA and CA 

could form dissoluble complexes to remove passive layers. But a high concentration of OA 

resulted in reprecipitated of Fe oxalate back onto the Fe surface which then inhibited its 

reactivity. Moreover, these Fe-ligand complexes could further degrade the target 

compound depending on their redox properties. The activity of Fe2+ and HA-Fe complexes 

depended on the pH which had strong interactions toward the target compound at pH 9. 

RHA-Fe complexes had higher reactivity than UHA-Fe, but these complex forms 

potentially reduced the Fe2+ reactivity because of electron competition with the target 

compound. Moreover, RHA prevented Fe2+ from precipitating but also caused higher Fe2+ 

oxidation. Furthermore, HA co-precipitated Fe and Cu colloids showed ability to remove 

the organic contaminants such as Reactive black 5. HA-Cu colloids had higher reactivity 

than HA-Fe colloids, which could result from the nature of metal, the shape and the 
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morphology of particles. RHA-Cu colloids stably dispersed in aqueous solutions. Among 

them, a small amount of Cu0 was generatead by RHA. RHA-Cu colloids also had a stronger 

reactivity than UHA-Cu colloids for breaking azo bonds in the target compound.  

To conclude, this study presents the reaction characteristics and removal mechanisms 

of bare Fe NPs that were well suspended under different conditions and the potential for 

CMC-Fe NPs for in-situ treatments. The characteristics and reactivity of metal 

complexes/colloids with ligands and HA in reducing environments have pointed out the 

potential of these Fe (Cu) complexes/colloids for sustainable/green remediation. 

 

 

Keyword: Fe nanoparticles (NPs), colloidal stability, CMC-Fe NPs, carboxylic ligands, 

humic acid (HA), Fe complexes, metallic colloids. 
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Chapter 1 Introduction 

The goal of environmental remediation is to reduce and control the risks for ecological 

damage and to return blighted land to productive use (Holland, 2011). Many sophisticated 

remedial technologies have been developed over the years. However, these remedial actions 

are frequently energy intensive and can also produce their own contaminants with 

corresponding impacts; moreover, these techniques usually require many years for 

implementation and long-term monitoring (Mackay and Cherry, 1989; Wolfe et al., 2003). 

Nanoremediation, the use of nanomaterials for pollutant treatment, is based on the ability of 

certain nanomaterials to react with the contaminant of concern or create a certain 

environment for the transformation of pollutants into less toxic or nontoxic forms (Adeleye 

et al., 2013; Karn et al., 2009). Nanoremediation could reduce the costs, improve 

effectiveness, and generate fewer hazardous by-products of pollution cleanup. 

Nanoscale zero-valent iron (NZVI) and bimetallic NZVI have significant potential for 

the remediation of a wide array of priority pollutants, including halogenated organic 

contaminants (Lowry and Johnson, 2004; Shih et al., 2009; Shih et al., 2010; Song and 

Carraway, 2005; Wang and Zhang, 1997; Zhang, 2003), azo dyes (Shu et al., 2007; Wang et 

al., 2013; Wang et al., 2015), inorganic anions (Wang et al., 2006; Xiong et al., 2007), and 

heavy metals (Kanel et al., 2006; Xu and Zhao, 2007). The properties of large surface area 

and high reduction potential of NZVI generated significant interest in the application for in-

situ remediation of groundwater. However, a number of challenges remain before the 

technology can be widely adopted. Recently, studies have noted limited mobility of NZVI 

and other reactive nanoparticles (NPs) in both water and saturated porous media (Hsiung et 

al., 2016; Kim et al., 2009; Peng et al., 2015; Phenrat et al., 2007; Reinsch et al., 2010; Tso 
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et al., 2010). The aggregation of Fe NPs (including NZVI and bimetallic NZVI) in the 

environment depends upon their physical and chemical properties, such as size, dosage and  

surface characteristics, as well as on the presence of various environmental conditions (e.g. 

salinity, solution composition and pH) (Hu et al., 2010; Mylon et al., 2004; Yang et al., 2007). 

It is difficult to maintain the stability of reactive NPs in their original size. Once Fe NPs 

aggregate and precipitate their mobility and reactivity in the environment is significantly 

reduced (Glavee et al., 1995; He and Zhao, 2007). Therefore, various dispersion methods 

have been studied in order to prevent the aggregation of Fe NPs.  

It is now generally considered that the use of solution additives and surface modifiers on 

Fe NPs could reduce aggregation and settlement so that they remain dispersed in aqueous 

solutions which extended transport distances (He and Zhao, 2007; Kaifas et al., 2014; Kustov 

et al., 2011; Parshetti and Doong, 2009; Soukupova et al., 2015; Wang and Zhou, 2010). 

These stabilizer molecules provide inter-particle electrostatic forces and steric repulsion 

which are strong enough to overcome the present interfacial forces (Harendra and 

Vipulanandan, 2008; He and Zhao, 2005; 2007; Sakulchaicharoen et al., 2010). Although 

these amendments can enhance the colloidal stability, they alter the surface properties of Fe 

NPs and affect their interaction with contaminants (Kim et al., 2009; Phenrat et al., 2007; 

Tiraferri et al., 2008). Modifiers can also affect the adsorption and desorption of 

contaminants; consequently, they limit the reaction rates of the reactions that occur on the 

iron surface (Phenrat et al., 2009). The reaction mechanisms vary with the used surface 

modifier. Therefore, in order to assess the application of stabilized Fe NPs, the physical 

suspension technique should be employed on bare Fe NPs to compare their surface 

characteristics and reactivity with the one achieved by the chemical dispersion method. 
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Aside from colloid stability, the other factor that largely influences the reactivity of Fe 

NPs is the aging process. Fe particles are usually reported to have a core-shell structure that 

contains oxidized iron such as mostly magnetite (Fe3O4), maghemite (γ-Fe2O3) or 

lepidocrocite (γ-FeOOH) (Díez-Pérez et al., 2006; Farrell et al., 1999; Reinsch et al., 2010). 

It is also expected that the interactions between Fe particles and common electrolytes to form 

Fe (hydro)oxides on the surface further cause a rapid decrease in the activity and longevity 

of Fe particles (Agrawal et al., 2002; Kober et al., 2002). Thus, a refreshed process for Fe 

particles could be available for extending the long-term reactivity of Fe particles. The most 

important dissolutions of metal oxides in soil environments are related to adsorbed-

exchanged protons and activated surface metal-ligand complexes, which are the proton-

promoted pathway and the ligand-promoted pathway (Furrer and Stumm, 1986). 

Under milder and weak acidic conditions, the reactivity of Fe particles is enhanced because 

of the corrosion effect on their surface (Bokare et al., 2008; Epolito et al., 2008; Shih et al., 

2011). Protons dissolve the precipitated Fe (hydro)oxides precipitated on the particle surface, 

exposing more fresh reactive sites (Shih et al., 2011); ligands induce metal dissolution by the 

formation of soluble surface complexes (Furrer and Sticher, 2014; Hamer et al., 2003). The 

major sources of protons and ligands in natural soil environments are commonly composed 

of carboxylic acids and aromatic acids, originating from the microbial degradation of humic 

substances, plant debris, and root exudation (Biver and Shotyk, 2012). Moreover, some 

organic ligands, such as catecholate, hydroxamate and organothiol, promote Fe2+ reactivity 

toward nitroaromatic compounds via complexation (Naka et al., 2008; Naka et al., 2006). So 

far studies have examined the performance of ligand-Fe complexes in groundwater 

treatments. Information about the influence of organic ligands on the reactivity of Fe particles 
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and their reaction mechanisms remain unknown. Organic acids with low molecular weight 

could act as providers for both the proton and functional groups to affect the surface 

characteristic of Fe. Once Fe complexes have been formed during the dissolution process of 

Fe particle, they might further influence the transformation of the target compound.  

While the effectiveness of Fe NPs has been proved by many studies in pollution 

remediation, several studies have investigated the potential impact the use of this technology 

on both the physical environment and on biological systems (Adeleye et al., 2013; Pawlett et 

al., 2013; Rónavári et al., 2016). Studies have noted that Fe NPs and their oxides may have 

toxic effects on a variety of life forms (Auffan et al., 2008; Wang et al., 2011). Many metal 

ions including Fe and Cu could form complexes and even colloids by humic substances and 

microorganisms in soils, sediments, and aquatic systems (Weber et al., 2009; Weber et al., 

2009). These metal complexes/colloids originated from metal ions via a complexation 

process with natural organic molecules that exploit ligand properties. Once the metal 

complexes/colloids are formed in environmental matrices, they may tend to transfer into 

groundwater depending on the properties of the specific metal colloids. Natural organic 

matter (NOM), a heterogeneous mixture of organic compounds, is known to play important 

roles in the interaction with metal ions in the environment. NOM revealed a wide range of 

standard redox potentials between 0.15 and -0.3 V depending on the composition of its 

functional groups (Aeschbacher et al., 2009; Aeschbacher et al., 2011). Once NOM-metal 

complexes are formed, electrons could transfer from NOM such as humic acid (HA) to 

chelated-metal ions (Chen et al., 2003; Maurer et al., 2012; Pham et al., 2012). Fe solid were 

generated from Fe2+ and dissolved organic matter (DOM) and transformed nitroaromatic 

pesticides in natural systems (Hakala et al., 2007). In anaerobic conditions, HA-coated Fe3O4 
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not only effectively removed heavy metal ions such as Hg, Pb, Cd, Cu and Cr from water 

(Jiang et al., 2014; Liu et al., 2008), but also organic dyes such as methylene blue (Zhang et 

al., 2013). Therefore, NOM may have a high potential to affect the transformation of Fe NPs 

and their oxides in remediation sites; furthermore, these NOM related complexes and colloids 

could be considered as a green remediation technique which continuously reacts with 

pollutants in the environment. 

For the organic contaminants of concern, halogenated organic pollutants such as 

chlorinated solvent, chlorinated pesticides and the emerging halogenated contaminants (i.e. 

brominated flame retardants) have been an important issue because of their persistence and 

toxicity in the environment. Therefore, Fe NPs (NZVI and bimetallic Fe NPs) are considered 

a potential reductant to treat halogenated organic contaminants. The aim of this study is to 

enhance the reactivity of Fe NPs by increasing the colloidal stability and refreshing the Fe 

surface. Furthermore, for subsequent assessment the effect of NOM is examined to 

investigate the reactivity of Fe complexes and colloids as a green remediation method 

(Scheme 1-1). The physical dispersion was conducted together with the chemical dispersion 

to compare the reactivity of Fe NPs. For physical dispersion, four mechanical methods 

(shaking, stirring, ultrasonication (US), and a combination of US and stirring) were 

developed and applied to disperse Fe NPs. For chemical dispersion, a common stabilizer, 

carboxymethyl cellulose sodium (CMC), was used to suspend Fe NPs. Further, the reaction 

mechanisms of bare Fe NPs and stabilized Fe NPs were investigated and the influence of 

common anions on the stability and reactivity of both Fe NPs evaluated. Carboxylic organic 

ligands were applied to assess the refreshment process on the Fe surface. The effects of three 

simple carboxylic ligands (formic acid, oxalic acid and citric acid) on the surface 
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characteristics of Fe particle were used to assess possible multi-reaction mechanisms 

between Fe particles and ligand-Fe complexes. These findings can further be applied to 

forecast and predict the possibility of sequential treatments with Fe complexes/colloids in the 

presence of organic ligands. Humic acid was chosen to investigate the reactivity of Fe 

complexes/colloids under reducing conditions like anaerobic sediments. The characteristics 

and behaviors of these metal complexes/colloids were further analyzed to evaluate the 

possibility of their degradation of organic contaminants. 

The goals of the present study were approached by pursuing the following objectives.  

1. To suspend Fe NPs. Here a physical suspension method was applied to study the 

reactivity and the reaction mechanisms of bare Fe NPs. A chemical dispersion method 

was used to synthesize Fe NPs with modified surface to assess their potential for 

wastewater remediation.     

2. To refresh the Fe particles by removing the passive layers from the Fe surface. Inorganic 

(HCl) and organic ligands (formic acid, oxalic acid and citric acid) with the low molecular 

weight were applied to study the interactions between metal Fe/Fe2+ and ligands. The 

reactivity of ligand-Fe complexes forming during the reactions has also been considered 

in this study. 

3. To understand the sustainability of Fe NPs, a complicated NOM (humic acid in this study) 

was utilized to investigate its influence on Fe ions and Fe (or Cu) colloids in natural 

environment. From these results the reactivity of metal complexes and colloids in the 

presence of NOM under anaerobic conditions could be understood. 
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 Scheme 1-1. Fishbone diagram for the experimental designs. 
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Chapter 2 Paper review 

2.1  Nanoremediation 

Nanoremediation methods imply the application of reactive nanomaterials (NPs) for 

transformation and detoxification of pollutants (Karn et al., 2009). These nanomaterials 

have properties that enable adsorption, reduction and catalysis to alleviate the risk. For 

many pollutants of concern, for example, chlorinated organic solvents, persistent organic 

pollutants (POPs) such as pentachlorophenol (PCP) and polybrominated diphenyl ethers 

(PBDE), nanoremediation may be an efficient and cost effective alternative to traditional 

in-situ remediation technologies (e.g. pump-and-treat, advanced oxidation processes, and 

bioremediation) due to their higher reactivity (Karn et al., 2009; Otto et al., 2008; Zhang, 

2003). The reactive NPs in the environment are mainly from (i) the application of 

engineered NPs into the remediation sites, and (ii) geological and environmental processes. 

Many nanoscale materials have been explored for nanoremediation including nanoscale 

metal oxides, carbon nanotubes/fibers, noble metals, and titanium dioxide (Karn et al., 

2009). Nanoscale zero-valent iron (NZVI) and bimetallic Fe NPs are the most widely used 

(Lowry and Johnson, 2004; Shih et al., 2009; Shih et al., 2010; Song and Carraway, 2005; 

Wang and Zhang, 1997; Zhang, 2003). To date, the application of NZVI and bimetallic Fe 

NPs in contaminated sites is increase, as show in Figure 2-1 (data is available online for 

doi:10.1289/ehp.0900793.S1 via http://dx.doi.org/, Nanotechnologies, 2009). 

 

http://dx.doi.org/
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Figure 2-1. Nanoremediation map (Nanotechnologies, 2009). 

 

2.1.1  The application of Fe NPs 

NZVI is a strong reductant with a standard electrode potential (Eh0
Fe2+/Fe0) of −0.44 V 

(Bratsch, 1989). NZVI is well recognised as being highly susceptible to corrosion in 

aqueous matrix due to its strong reduction potential (Eh0
Fe2+/Fe0 is −0.44 V) (Bratsch, 1989). 

NZVI reaction is considered as a corrosion that occurred primarily through an 

electrochemical process with anodic and cathodic components. The anodic reaction 

involves the dissolution of Fe0 and forming soluble ionic products or insoluble 

(hydro)oxide; at the cathode, is coupled with reduction of redox amenable species. The 

primary elements available for corrosion reactions in natural water are dissolved oxygen 

and water, as shown in eq. 2-1 and 2-2. 

2Fe0
(s) + 4H+

(aq) + O2 (aq) → 2Fe2+ + 2H2O(l)  Eh0 = +1.67 V (2-1) 

2Fe0
(s) + 2H2O(l) → 2Fe2+ + H2 (g) + 2OH−

(aq)  Eh0 = −0.39 V (2-2) 
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A primary product is ferrous ion from these reactions that can undergo further oxidative 

transformation (Eqs. (3) and (4)).  

2Fe2+
(s) + 2H+

(aq) + ½ O2 (aq) → 2Fe3+ + H2O(l) Eh0 = +0.46 V (2-3) 

2Fe2+
(s) + 2H2O(l) → 2Fe3+ + H2 (g) + 2OH−

(aq) Eh0 = −1.60 V (2-4) 

The solution pH increases during the above reactions as either protons are consumed or 

hydroxyl ions are produced. Also, because of the high surface area of NZVI, when added 

a significant mass of material into an aqueous system, it would achieve a suitable 

chemically reducing condition very soon through the H2 production processes (eq. 2-3 and 

2-4); inducing local conditions far from equilibrium and favorable for contaminant removal 

(Crane and Scott, 2012). 

Compared with NZVI, the bimetallic Fe NPs have exhibited higher potential for the 

treatment of many halogenated aromatic compounds (Shih et al., 2011; Shih et al., 2009; 

Wang et al., 2013; Zhao et al., 2014). The addition of catalysts on NZVI can (i) increase 

surface area and density of reactive surface sites; (ii) catalyze the lower hydrogen 

overpotential metal, which is effective in hydrodehalogenation reactions; and (iii) inhibit 

the corrosion products from accumulating on the surface reactive sites of zero-valent 

metals (Bokare et al., 2007). Kim and Carraway (2003) reveal the dechlorination rate of 

trichloroethene (TCE) by bimetallic Fe particles are in the order of: Pd/Fe >Pd/Zn > Ni/Fe 

> Cu/Fe > Ni/Zn > Cu/Zn > Fe > Zn, suggesting that Fe metal and bimetals exhibit a higher 

reactivity than zinc metal, and bimetals exhibit faster reaction rates than pure metals. The 

proposed mechanism of bimetallic Fe NPs is that the catalytic metal enhances the formation 

of atomic hydrogen or hydride on the surface and alters the electronic properties of the iron. 

The catalytic reduction and dehalogenation reaction is believed to take place on the surface 
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site of the nanoscale catalysts. Figure 2-2, for example, depicts the various processes 

occurring on the Ni/Fe bimetallic nanoparticle surface. Bokare et al. (2007) noted that 

Ni/Fe nanoparticles preceded reductive reactions via transfer of atomic hydrogen from the 

nickel surface (reaction 1 in Figure 2-2). In the reaction, Ni played a role of catalyst 

decreasing activation energy of hydrogenolysis of C-X bonds and the Fe was corroded to 

produce hydrogen gas. Additionally, they could generate hydroxyl radicals from water 

(reactions 2 and 3 in Figure 2-2) and created radical centers on the contaminant molecule, 

leading to different cross coupling products. A majority of the Fe2+ species formed by iron 

corrosion was retained on the particle surface and Fenton’s reaction was only a minor 

contributor for hydroxyl radical generation (reaction 4 in Figure 2-2). 

 

 

Figure 2-2. Proposed scheme of reactions on the surface of Ni/Fe nanoparticles for 

reductive or oxidative degradation of contaminants (Bokare et al., 2007). 
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2.1.2  The stability of Fe NPs 

However, it is hard to keep the size of NZVI in their minute size under various 

environmental. In aquatic environment, aggregation of metal NPs results from the 

interaction between the particle surface and water components and is strongly influenced 

by several factors such as salinity, solution composition, surface chemistry, concentration 

of suspended particles and aqueous pH (Hu et al., 2010; Mylon et al., 2004; Yang et al., 

2007). The aggregation of nanoparticles depends on their surface charge and, in the case 

of Fe NPs, higher attractive magnetic and van der Waals forces between particles and its 

low surface charge (−1.45±1.11 mV) (Phenrat et al., 2007; Saleh et al., 2008; Schrick et 

al., 2004). The behavior of Fe NPs and its associations with numerous aqueous and solid 

species, will depend on the types of Fe-mineral phases present on the particle surface 

because each species may have a different point of zero charge (pHPZC) value. Magnetite, 

maghemite, and goethite have pHPZC values of 6.0, 6.6, and 8.4 respectively (Cornell and 

Schwertmann, 2006; Reinsch et al., 2010), hence the particles may be positive or negatively 

charged at pH close to 7 according to the species present on the surface. 

The stability of metal NPs also depends on the ion concentration and ionic composition. 

With increasing ion concentrations and ionic strength, the repulsive forces between NPs 

decreased and then caused the compression of double layer of nanoparticles, resulting in 

aggregation of NPs (Tso et al., 2010). The aggregation of commercial TiO2 NPs (25 nm) 

was observed in the presence of various environmentally relevant solution chemistries 

containing different concentrations of monovalent (Na+ and K+) and divalent (Ca2+) 

electrolytes (Shih et al., 2012). Berka and Rice (2004) reported that with increasing NaCl 

concentration, kaolinite particle (< 0.2 μm) suspension became more unstable. While NaCl 
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concentration reached the critical coagulation concentration (CCC), a rapid aggregation 

was occurred. With the increase of ionic strength, the zeta-potential of metal NPs decreased 

(i.e. became less negative) due to electric double layer compression (Hu et al., 2010). 

Moreover, the effect of divalent ions was more important than monovalent ones on NP 

aggregation (Chen and Elimelech, 2006; Shih et al., 2012; Tso et al., 2010). 

Aggregation and sedimentation significantly alter the mobility of Fe NPs in aquatic 

environment and reduce the efficacy for remediation purposes (Glavee et al., 1995; Kim et 

al., 2009; Sun et al., 2007). Therefore, various dispersion methods have been studied in 

order to prevent the aggregation of metallic nanoparticles. Two different approaches to 

separate NPs are usually used: physical methods and chemical methods. 

 

2.1.2.1 Chemical dispersion methods 

The polymer amendments include the solution additives and surface modifier. These 

amendments can serve several functions including (i) reducing aggregation, (ii) modifying 

surface charge of the aggregates to decrease electrostatic interactions between the 

aggregates and the soil grains, and (iii) potentially increasing the role that hydrodynamics 

can play in removing aggregates from soil surfaces. These amendments can be sorbed or 

covalently bonded to NPs and may also help to target contaminant “source zones” 

containing nonaqueous-phase liquids (Johnson et al., 2009). The stabilizer molecules are 

designed to provide inter-particle electrostatic and steric repulsions, which are strong 

enough to overcome the interfacial force. For example, the stabilizers can regulate the iron 

nucleation and particle growth during the synthesis process, further prevent agglomeration 

of the resultant NZVI particles effectively.  
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According to researches, many polyelectrolytes were applied to suspend NZVI in last 

decade, including PVP, PAA, and SDS. Table 2-1 shows the common stabilizers used in 

the synthesis of Fe NPs. He and his group dispersed NZVI and palladized-Fe bimetallic 

NPs (Pd/Fe) effectively by carboxymethylcellulose (CMC) with size were about 18.6 nm 

and 18-22 nm, respectively (He and Zhao, 2007; He and Zhao, 2005; 2007; 2008). CMC 

mostly interacts with the Fe surface through carboxylate groups (i.e. Fe2+/-COO–). Since 

the carboxylate group bring a formal negative charge, CMC-stabilized Fe was more 

suspended in aqueous phase compared with other polymer-stabilized Fe (Phenrat et al., 

2008; Raychoudhury et al., 2010; Sakulchaicharoen et al., 2010; Saleh et al., 2007). It was 

observed that surfactants enhanced the trichloroethylene desorption from soil with the 

anionic surfactant being the most effective (Zhang et al., 2011). Surfactant adsorption on 

the Fe surface was also confirmed by an increase in the electrophoretic mobility of the Fe 

NPs. The higher MW polyelectrolytes, such as CMC, showed greater adsorbed masses and 

slower desorption rates. The desorption of surfactants was slow with less than 30 wt% 

desorbed after 4 months (Kim et al., 2009). Moreover, CMC-stabilized NZVI has been 

proved to be transported at least 1 meter to the contaminated source zone at significant 

NZVI concentrations (Kocur et al., 2014). The conceptual scheme of CMC-Fe was pointed 

out that CMC was coated on the NZVI surface with brush structures which can provide 

steric stabilization to prevent aggregates (Lin et al., 2010). He and co-workers applied 

CMC-stabilized Pd/Fe bimetal NPs (CMC-Pd/Fe) for in-situ destruction of chlorinated 

ethylenes and polychlorinated biphenyls (He et al., 2010). This also demonstrates that over 

the long run, the existing biological degradation process is boosted with the use of a CMC 

coating as a carbon source and hydrogen as an electron donor, which is available from the 
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abiotic/biotic processes, resulting in the sustained enhanced destruction of chlorinated 

organic contaminants in the subsurface (He et al., 2010; He and Zhao, 2008; Joo and Zhao, 

2008).  

The significance that amendment used during reactive NPs injection should be 

environmentally benign. Surface modification can also occur by the adsorption of natural 

organic matter (NOM) on metal NPs. The presence of natural polymers, NOM, on the metal 

surface of NPs may prevent the aggregation and maintain the stability of NPs (Badawy et 

al., 2010; Cumberland and Lead, 2013; Johnson et al., 2009). Recent studies have shown 

that NOM can stabilize suspensions of NPs such as carbon nanotube, fullerenes, gold, and 

iron oxide (Baalousha et al., 2008; Diegoli et al., 2008; Saleh et al., 2008; Xie et al., 2008). 

NOM has an abundance of carboxylic (-COOH and -COO–) and phenolic (-OH) functional 

groups that exist as negative charged and it is believed that NOM coating the metal surface 

can suppress positive charge of NPs while enhancing the negative charge (Christian et al., 

2008; Dickson et al., 2012). NOM has also been shown to enhance the mobility of Fe NPs 

(Johnson et al., 2009; Kretzschmar and Sticher, 1997). At NOM concentration of 20 mg L-

1 or greater, the NZVI is stable and highly mobile. The sorption of NOM onto NZVI 

resulted in a reduced sticking coefficient and enhanced mobility (Johnson et al., 2009).  

Although the modifiers can enhance the colloidal stability, they alter the surface 

property of NPs and affect their interaction with contaminants (Kim et al., 2009; Phenrat 

et al., 2007; Tiraferri et al., 2008). For instance, the presence of excess free CMC that is 

unadsorbed onto the Fe surface would presumably serve the depletion stabilization to 

stabilize CMC-Fe suspension, causing larger particles with size of 40-100 nm. Furthermore, 

modifiers can affect the sorption and desorption of contaminants, introduce additional mass 
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transfer limitations of contaminants to active surface sites, and decrease the reaction rate 

of the reactions that could be taking place at the surface (Phenrat et al., 2009). 

 

Table 2-1. The common stabilizers used in the synthesis of Fe NPs 

 

2.1.2.2 Physical dispersion methods 

Physical dispersion methods including ball milling, grinding, high speed shearing, 

mechanical mixing and ultrasonication (Dickson et al., 2012; Imamura et al., 2005; Lai et 

al., 2013; Mondragon et al., 2012; Xing, 2004; Xu et al., 2012). Ultrasonication (US) is 

commonly used to induce a chemical or physical change on the target medium (Jamei et 

al., 2014). Ultrasound disruption is more energy efficient and can achieve a higher degree 

of powder fragmentation, at constant specific energy, than other conventional dispersion 

techniques (Mandzy et al., 2005; Park et al., 1993). Consequently, US has found extensive 

application in environmental studies, where it is used to break down powders or redisperse 

stock suspensions to their nanoscale constituents, and allow for the evaluation of the 

properties and behavior of the dispersed metal NPs in relevant systems.  

US efficiency can break down the particle-particle interactions of Fe NPs directly 

Stabilizer Iron 

type 

Particle size 

(nm) 

Reference  

Poly(acrylic acid) (PAA) NZVI ~20 nm Schrick et al. (2004) 

PAA Pd/Fe 150-600 nm Lin et al. (2009) 

Polyvinyl-co-vinyl acetate-co-itaconic acid 

(PV3A) 

NZVI ＜10 nm Sun et al. (2007) 

Tween 20 NZVI 2-10 nm Kanel et al. (2007) 

Starch Pd/Fe 14.1±11.7 nm He and Zhao (2005) 

Cellulose acetate  Ni/Fe 7-11 nm Wu and Ritchie (2006)  

PEG/PVDF 

PEG/nylon 66 

N/Fe 81±12 nm 

55±14 nm 

Parshetti and Doong 

(2009)  

CMC Pd/Fe 22.8±4.3 nm 

18.1±2.5 nm 

He et al. (2007) 

He et al. (2009)  

Poly(methyl methacrylate) (PMMA) NZVI 80-100 nm Wang and Zhou (2010) 

Mesoporous silica microsphere NZVI 450 nm Qiu et al. (2011) 

PVP Ni/Fe 20-50 nm Fang et al. (2011) 
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(Rasheed et al., 2011). Dickson et al. (2012) indicated that probe ultrasonication efficiently 

broke down the particle-particle interactions of NPs with the size about 120-140 nm, and a 

degree of colloidal stability was achieved without the use of synthetic modifiers. The 

ultrasonic dispersion mechanism in media involves acoustic cavitation (formation, growth 

and implosion of bubbles resulting in the rupture of agglomerates) and acoustic streaming 

- inducing chaotic mixing. Rasheed et al. (2011) presented an effective treatment of 

petroleum refinery wastewater using NZVI in the presence of US. Liang et al. (2008) 

reported on the reduction of nitrite by ultrasound dispersed NZVI particles and showed that 

NZVI can be an efficient reductant. Increased the duration of US of the reaction system, 

the higher the reduction efficiency of nitrite was achieved. However, it is worth noting that 

particle adhesion (especially van der Waals forces) increases when the particle size 

decreases. Metal NPs may regroup back into several hundred nanometer clusters shortly 

after US if the suspension is not stabilized enough against re-agglomeration (Liang et al., 

2008). 

The complex physical and chemical phenomena that may occur during US may 

significantly alter the properties of dispersed NPs. During ultrasound irradiation, the 

collapse of cavitation bubbles induced localized high temperatures and pressures, which 

might allow the formation of oxidizing species, such as ·OH, superoxide radical and H2O2. 

Therefore, the combination of ultrasound with heterogeneous oxidation reaction is an also 

important approach in the degradation of organic compounds (Hou et al., 2012).  

 



doi:10.6342/NTU201600898

18 

 

2.1.3  The surface characteristics of Fe NPs 

Electrolytes that are dissolved in the environment are an important influencing factor 

on the reactivity of Fe particles because the interactions between Fe2+/Fe3+ and electrolytes 

forming Fe (hydro)oxides on the Fe surface (Giasuddin et al., 2007; Phenrat et al., 2007; 

Shih et al., 2010; Wang and Zhang, 1997). Fe particles are usually reported to have a core-

shell structure that contains oxidized iron such as mostly magnetite, maghemite (γ-Fe2O3) 

or lepidocrocite (γ-FeOOH) (Díez-Pérez et al., 2006; Farrell et al., 1999; Reinsch et al., 

2010). As surface precipitated Fe (hydro)oxides are initially porous, the material can 

develop the core-shell structure during the early stages of reaction with both sorption (at 

the (hydro)oxide) and chemical reduction (at the interface of Fe (hydro)oxides) able to 

occur simultaneously. However, as the reaction progresses, an increase in the quantity of 

corrosion products and a decrease in the particles porosity significantly limit the 

interactions between Fe0-H2O/O2 and Fe0-pollutant (Agrawal et al., 2002; Kober et al., 

2002; Noubactep, 2008). The process causes a kinetics of the initial stages of Fe0 oxidation 

(rapid, the corrosion will proceed even in extremely controlled conditions). Consequently, 

Fe0 will already have a film of surface oxide acquired directly after synthesis. Therefore, 

each Fe particle exists in natural conditions is covered a thin but encapsulating layer of 

surface oxide (Crane et al., 2011; Scott et al., 2010) 

 

2.1.3.1 The removal of passive layers on the metal NPs surface 

The dissolution of metal oxides is related to adsorbed protons and f surface metal-

ligand complexes, such as proton-promoted and ligand-promoted pathways (Furrer and 

Stumm, 1986). The pH value is one of the important influencing factors during dissolution 



doi:10.6342/NTU201600898

19 

 

processes of metal. Under weak acidic conditions, the reactivities of MZVI and NZVI are 

enhanced due to the corrosion effect on the Fe surface (Bokare et al., 2008; Epolito et al., 

2008; Shih et al., 2011). Protons could dissolve away iron (hydro)oxides precipitated on 

the surface of Fe at lower pH solutions, thus exposing more fresh reactive sites (Shih et al., 

2011).  

Low molecular weight organic acids (LMWOAs) in soil are usually involved in the 

enhancement of mineral dissolution processes, which play an important role in the soil 

formation process, as well as the mobility and bioavailability of metals (Johnson et al., 

2004; Liang et al., 2000). These organic ligands mainly originate from the microbial 

degradation of humic substances (HSs), plant debris, and root exudation (Biver and Shotyk, 

2012). LMWOAs are commonly composed of carboxylic acids and aromatic acids. Hou et 

al. (2009) had pointed out that the reduction rate of PCP by MZVI was enhanced in the 

presence of carboxylic acids (acetic acid, oxalic acid, tartaric acid, and citric acid). With 

the strong complexing and pH buffering properties, carboxylic acids benefits to the 

dechlorination of PCP by MZVI. The results also showed that the oxalate-iron complexes 

have more reductive activities and then lead to the highest dechlorination efficiency of PCP 

by ZVI. Also, the degradation of tetrachloride (CT) by MZVI with organic ligand 

(ethylenediaminetetraacetic acid (EDTA), citric acid, tartaric acid, malic acid, and oxalic 

acid) under various pH values was investigated by Zhang et al. (2011). The results 

demonstrated that addition of organic ligands significantly enhanced the rates and the 

extents of CT removal, as indicated by the rate constant increases of 39, 31, 32, 28, and 18 

times in the presence of EDTA, citric acid, tartaric acid, malic acid and oxalic acid, 

respectively. The enhanced reductions in the presence of organic ligands are primarily 
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attributed to the elimination of surface passivation layers on MZVI through chelating of 

organic ligands with iron (hydro)oxides, thus maintaining the exposure of active sites on 

the Fe surface (Zhang et al., 2011). Su and Puls (2004) applied MZVI to reduce nitrate in 

the presence of inorganic acids and organic acids, the reduction rates of nitrate increased 

in the order of H3PO4 < citric acid < H3BO3 < oxalic acid < H2SO4 < formic acid < HCl. 

This sequence of reactivity also corresponded to surface adsorption and complexation of 

the three organic ligands to iron oxides.  

 

2.1.3.2 Influence of Fe mineral type 

During aqueous corrosion processes Fe particles are foaming precipitates such as 

Fe(OH)2, Fe(OH)3, Fe3O4, Fe2O3, FeOOH, and green rusts, which are responsible for the 

reductive transformation and/or physical removal (sorption or enmeshment) of exposed 

chemical species (Crane and Scott, 2012). For examples, Fe3O4 NPs have a strong 

reductive degradation ability for 2,4-D in solution (Si et al., 2010). The structure of Fe3O4 

contains both Fe2+ and Fe3+, and Fe2+ might play an important role as an electron donor to 

remain available for reaction with the chlorinated organic compounds. Fe3O4 is the sole 

oxidation product of Fe0 and Fe2+, which facilitated the oxidation process by Fe0. With 

adsorbed Fe2+ on the iron surface, the Fe3+-oxides of high electrical resistance (10−1-104 

Ω·cm) covering the iron surface could act as semiconductor Fe3O4 of lower electrical 

resistance (10−3 Ω·cm) (Schlicker et al., 2000). Thus, adding Fe3O4 to the reaction solution 

containing Fe0 and Fe2+ may favor the electron transfer on the iron surface and accelerate 

the reduction rates (Xu et al., 2012). Additionally, combining Fe3O4 NPs with indigenous 
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soil microbes offer great benefits for the application of nanotechnology in remediation of 

herbicide contaminated soil (Fang et al., 2012).  

In addition, mackinawite (FeS), has been shown to mediate reductive dechlorination 

under anoxic conditions (Butler and Hayes, 1999; 2000; He et al., 2010; Jeong and Hayes, 

2003; Liu et al., 2003). Trace metal such as Co2+, Ni2+, and Hg2+ in soil and groundwater 

significantly increased reductive dechlorination of hexachloroethane 

(HCA),  tetrachloroethene (PCE), and TCE by FeS through forming reductive metal 

sulfates (Jeong and Hayes, 2003; 2007). These copresent metals impact also both the 

reaction rates and pathways in reductive dechlorination of PCE and TCE by FeS (Jeong 

and Hayes, 2007). The high reactivity of CoS suggests that it may be useful in reactive 

permeable barrier applications because of its stability in anoxic waters. The dechlorination 

rates of PCE and TCE significantly varied with Fe2+ amendment concentrations, indicating 

the presence of different types of solid-bound Fe phases with Fe2+ (Jeong and Hayes, 2007). 

 

2.1.4  Life cycle of Fe NPs toward green remediation 

Once Fe NPs released into the environment, they aggregate to some degree and behave 

like natural nanomaterials. That is, Fe NPs needs to form stable dispersions in water so it 

can be delivered to water-saturated porous material in the contaminated area. The mobility 

of natural or synthetic colloids/NPs in the environment strongly depend on the composition 

of soil/groundwater (Weber et al., 2009; Weber et al., 2009). Certain nanoscale colloids 

have an ability to travel a long distance in the environment (Shankar et al., 2003). Fe oxide 

NPs (a potential final product from the redox reactions of Fe NPs), in some case, may be 

internalized by cells and cause cell death (Auffan et al., 2008; Wang et al., 2011). But 
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generally, there would be little concern with the toxicity of Fe NPs because Fe oxides are 

essential component in rust and because there were no radically new properties produced 

from Fe NPs (Karn et al., 2009; Watlington, 2005). 

Also, nanoscale Fe (oxy)hydroxides are among the most common natural mineral NPs 

formed by precipitation from solution after oxidation of aqueous ferrous Fe (van der Zee 

et al., 2003). Several natural inorganic and biologically mediated processes produce these 

mineral nanoparticles, such as metal sulfides and metal oxides (Kirk, 2004; Martínez-

Villegas and Martínez, 2012; Weber et al., 2009). Once the metal colloids formed in 

environmental matrixes, they may tend to transfer through groundwater or interact with 

inorganic/organic pollutants depend on the properties of metal types. Weber et al. (2009) 

pointed out that on flooding, bacteria dispersed in the pore water mobilize copper by 

inducing biomineralization of metallic Cu0 NPs with particle size of ~50-150 nm. However, 

the knowledge regarding the fate and transport of metal colloids/NPs is very limited. The 

complex structures of natural metal NPs, morphologies, and their colloidal behaviors are 

affected by environmental factors. These natural metal NPs are attracting attention in 

decade due to their unique role as agents of elemental transport and their reactivity in 

geologic systems. 

 

2.1.4.1 Abiotic formation processes of metal colloids/NPs in the environment 

Some organic ligands in environments, such as catecholate, hydroxamate, and 

organothiol, could enhance the reduction potential of Fe2+/Fe3+ and promote Fe2+ reactions 

with nitroaromatic compounds (Naka et al., 2008; Naka et al., 2006). Complexation of Fe2+ 

by ligands leads to the formation of aqueous species that are capable of reducing substituted 
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nitroaromatic compounds (NACs), oxmayl, RDX (hexahydro-1.3.5-trinitro-1,3,5-triazine), 

and polyhalogenated alkanes (Bussan and Strathmann, 2007; Kim and Strathmann, 2007; 

Naka et al., 2006; Strathmann and Stone, 2002).  

Natural organic matter (NOM), a mixture of organic compounds, is known to play 

important roles in the interaction and transport of elements throughout the environment. 

The oxide metal particles are embedded in a matrix of organic carbon (OC), equivalent to 

about 1.4 mg OC m–2 oxide for many soils of the collection, forming NOM-mineral 

colloids/NPs (Hiemstra et al., 2010). Moreover, the functional groups in NOM could serve 

as reducing agents for metal ions, such as phenolic-OH, quinones, hydroxyls, methoxyls, 

aldehydes, ketones, enolic-OH, and thiols (Stevenson, 1994; Urban et al., 1999). It reveals 

standard redox potentials of NOM between 0.15 and –0.3 V (Figure 2-3) (Aeschbacher et 

al., 2009; Aeschbacher et al., 2011). This is supposed that quinones are the predominant 

redoxactive moieties in NOM. Ratasuk and Nanny (2007) also pointed out that the 

reversible electron-carrying capacity (ECC) of non-quinone structure sites ranged from 21-

56% of the total ECC of the humic acid (HA) and fulvic acid (FA). Thus, fractionation of 

total NOM offered advantages by separating one group of organic compounds (or a 

subcomponent) from the others on the basis of their physical and chemical properties.  

Likewise, electron can transfer from reduced NOM and HA to metal ions (Chen et al., 

2003; Maurer et al., 2012; Pham et al., 2012). Table 2-2 shows that metal colloids formed 

via NOM complexation and reduction. Recently, Fulda et al. (2013) reported the potential 

for formation of Cu colloids by interaction between HA and Cu ions under anoxic 

conditions. Under anoxic conditions, HA was complexed with Cu2+ and Cu+, thus formed 

as HA-Cu+ and Cu0 NPs due to the competitive processes of electron transfer and copper 
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binding (Fulda et al., 2013). For reduced HA, free Ag+ was reduced and formed Ag NP 

with particle size about 5-15 nm (Maurer et al., 2012). NOM formed Ag NPs of a spherical 

small size to be observed (Litvin et al., 2012).  

 

 

 
Figure 2-3. Decrease in solution potential Eh during direct electrochemical reduction (DER) 

of HA at pH 7 as a function of DER-transferred amount of electrons, QDER (μmole/gLHA) 

(Aeschbacher et al., 2009).  
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Table 2-2. The natural metal NPs generated via HSs reducing processes. 

 

 

2.1.4.2 Green synthesis of metal NPs 

Green nanoparticle synthesis is vouched based on the natural of the solvent, reducing 

and capping agent, coupled with minimal wastage in terms of energy and raw materials, 

reduced impact on environment and safety in nanomaterial synthesis (Luque et al., 2012). 

Shankar et al. (2003) reported on the use of Geranium (Pelargonium graveolens) leaf 

extract in the extracellular synthesis of Ag NPs. On treating aqueous Ag ions with geranium 

leaf extract, rapid reduction of the Ag ions is observed leading to the formation of highly 

stable, crystalline Ag NPs with size of 16-40 nm. The antioxidant compounds in plants 

such as polyphenol could reduce Fe3+ producing NZVI with the average size were 10-20 

nm (Machado et al., 2013). It was also noticed that both green tea and black tea are among 

the leaves with the highest phenolic content, and that the leaves from forest trees, oak and 

eucalyptus, can be used to produce NZVIs. Green tea extract can use for NZVI and Pd/Fe 

NPs synthesis, instead of the well-known sodium borohydride (Luque et al., 2012; 

Machado et al., 2013; Smuleac et al., 2011). Tannic acid (TA), an environmentally friendly 

Humic substances Metals Particle size (nm) Reference 

HA, soil samples Ag 74.5-158.5 nm Akaighe et al. (2011) 

HA Ag 5-10 nm Akaighe et al. (2012, 2013)   

NOM Ag 5-50 nm Akaighe et al. (2012, 2013)   

FA  

HA 

Ag 9.5±0.3 nm 

26.5±1.1 nm 

Litvin et al. (2012) 

Litvin and Minaev (2013) 

HS Au  Baigorri et al. (2008) 

HSs Au 8-20 nm Litvin and Minaev (2014) 

NOM α-Al2O3 52 nm da Costa Cunha et al. (2014) 

HS Ferrihydrite 5-20 nm 

100-1000 nm 

Angelico et al. (2014) 

HA b-FeOOH 30±15 nm Pédrot et al. (2011) 

HAs and FAs ZnS <10 nm Deonarine et al. (2011) 

Soil samples Pd 20 nm Coccia et al. (2012) 

HA and FA HgS 5 nm Deonarine and Hsu-Kim (2009) 
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and water-soluble polyphenol, is proven to act as a reducing and stabilizing agent to reduce 

and generate Ag NPs in solution (Sivaraman et al., 2010; Zhang et al., 2012). Green tea 

extract contains a number of polyphenols that can act as both chelating/reducing and 

capping agents for metal NPs. Therefore, the particles are protected from oxidation and 

aggregation, which increases their stability and longevity. Pd and Fe NPs were synthesized 

using coffee extract (Nadagouda et al., 2010; Nadagouda and Varma, 2008). 

Smuleac et al. (2011) applied the green synthesized Fe NPs for the degradation of a 

common and highly important pollutant, TCE. The rate of TCE degradation was found to 

increase linearly with the amount of Fe with rate constant kSA being 0.005 L/m2 h. Although 

the initial reaction rates for engineered NZVI were one order of magnitude higher than the 

green-synthesized Fe NPs, the rapid oxidation reduced their reactivity to less than 20% 

within 4 cycles. For the green synthesized Fe NPs, the initial reactivity was preserved even 

after 3 months of repeated use.  

In natural environments, the formation of colloids/NPs is highly dependent on various 

parameters, such as functional groups in NOM (Chen et al., 2003; Nilsson et al., 2008; 

Schmidt et al., 2013; Straub et al., 2001), pH (Chen et al., 2003), metal/NOM molar ratio 

(Fulda et al., 2013), reducing degree (Maurer et al., 2013) and temperature (Hofacker et al., 

2013). The application of green nanotechnology exhibit attracting for the environmental 

treatment, however, the related information is still insufficient. A systematic comparison 

of particle size, colloid stability, morphology, surface characteristics of green metal 

colloids/NPs is needed to understand the transformation of metallic elements in geologic 

systems. Moreover, the reactivity and lifetime of metal colloids/NPs toward organic 

contaminants are expected influenced by environmental factors.  
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2.1.4.3 Effect of NOM and its functional groups on the wastewater treatment  

In the anaerobic condition, NOM can also influent the adsorption of heavy metals on 

the amorphous and crystalline of Fe and Mn hydroxides (Jiang et al., 2014; Liang et al., 

2013; Liu et al., 2008). HA-coated Fe3O4 (HA-Fe3O4) as magnetic adsorbents were 

prepared with coprecipitation of HAs and Fe3O4 NPs. The average diameter of the spherical 

HA-Fe3O4 core is about 10-15 nm; however, it is aggregated in aqueous suspensions to 

form aggregates with an average hydrodynamic size of approximately 140 nm (Liu et al., 

2008). HA-Fe3O4 NPs can not only effectively remove the heavy metals such as Hg, Pb, 

Cd, Cu and Cr from water (Jiang et al., 2014; Liu et al., 2008), and even the organic 

pollutants such as methylene blue (MB) (Zhang et al., 2013). The adsorption isotherm of 

the HA-Fe3O4 NPs agreed well with Langmuir adsorption equation, and the maximum 

adsorbed amount of MB was 0.291 mmol/g with t1/2 was 7 min (Zhang et al., 2013). 

However, the information about the reaction of natural metal NPs toward organic 

contaminants is still insufficient.  

NOM appears to act as both a reducing and a capping agent at environmentally relevant 

conditions, further endows colloidal stability to the synthesized metallic NPs by preventing 

agglomeration. The stable NPs formed through the reduction under various environmental 

conditions may be transported over significant distances and might also influence the 

overall bioavailability and ecotoxicity of nanoparticles. Additionally, the use of NOM in 

the synthesis of nanomaterials is a procedure that was efficient, ecofriendly and 

economically viable  (Cunha et al., 2012; Cunha et al., 2010). 
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2.2  Nanoparticle analysis and characterization methodologies 

Structure analysis for numerous metal nanoparticles/colloids is difficult and frequently 

incomplete because of their minus size and/or poor crystallinity. Structural methodology 

can be divided into two groups: the diffraction techniques are sensitive to medium- and 

long-range order, and the spectroscopic techniques are sensitive to electronic or local 

structure.  

 

2.2.1 Methods for assessing the shape, size and surface structure of NPs 

The most common methods for nanoparticle visualization are based on electron and 

scanning probe microscopy: scanning electron microscopy (SEM) and transmission 

electron microscopy (TEM). These analytical tools not only provide visual characterization 

of NPs at a nano-range, but also offer information about size, shape and dispersion of NPs 

(Mavrocordatos et al., 2004). 

 

2.2.1.1 Scanning electron microscopy (SEM) 

Scanning electron microscopy (SEM), a versatile technique, allows analyzing the 

microstructure morphology and chemical composition of NPs. A high energy focused 

beam of electrons scan the sample via its surface measuring secondary electrons and 

producing large amounts of signals, which are converted to a visual signal displayed on a 

cathode ray tube (Zhou et al., 2007). SEM has a broad operational sizing range from 1 nm 

to 1 μm. As coupled with complementary techniques such as energy dispersive X-ray 

spectroscopy (EDS), it is possible to analysis the element component of the target particle 

(Silva et al., 2011). However, dry samples are required for SEM analysis under vacuum 
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conditions, it was possible to alter the sample and dehydrate artifacts (Mavrocordatos et al., 

2007). 

 

2.2.1.2 Transmission electron microscopy (TEM) 

Transmission electron microscopy (TEM) performed with a very thin sample using an 

electron beam. Interaction between electrons and the sample atoms occurs by elastic and 

inelastic scattering, which makes a requirement to have very thin samples (5-100 nm). 

Once the electrons are transmitted through the sample, the electrons that were not absorbed 

are then focused onto an imaging detector (fluorescence screen or charged coupled device 

camera) (Reimer, 2013). The electrons (contrast image) that absorbed in the sample 

material depends on the elemental composition and density of the sample. Therefore, 

sample preparation plays an important role especially for the preparation techniques such 

as cryofixation, embedding and electropolishing. TEM provides a number of advantages 

over other techniques for the characterization of nanoparticles: capability of determining 

crystallographic structure, size and shape of particles, in addition to an extreme high visual 

resolution (Lens et al., 2013). 

 

2.2.1.3 Dynamic light scattering (DLS) 

Dynamic light scattering (DLS), also referred as photon correlation spectroscopy (PCS), 

is a well-known technique for measuring hydrodynamic size and size distribution of 

particles in the range of 3 to 1000 nm. The colloidal dispersions utilizes the illumination 

of a suspension of particles or molecules undergoing Brownian motion by a laser beam 

(Winter, 1983). The time-dependent intensity yields the velocity of the Brownian motion; 
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thus the Stokes-Einstein relationship is applied to determine the hydrodynamic radius 

distribution (Pecora, 2013). DLS is particularly useful for fast in situ and real-time 

nanoparticle sizing and physical characterization of aggregated nanoparticles (Ledin et al., 

1994).  

However, it should be noted that DLS only speculates the particle size of a dispersion 

based on the measurement of scattering intensity weighted diffusion coefficients, instead 

of direct determination of the particle size (Hassellöv et al., 2008). Also, DLS cannot be 

used to characterize suspensions at low concentrations and/or polydispersion conditions 

(Hoque et al., 2012). 

 

2.2.1.4 Surface charge (Zeta potential) of nanoparticles  

The zeta potential, used to characterize the nanoparticle’s surface charge, is known as 

the electric potential at the boundary of the double layer of particles. The zeta potential 

could offer the information about the potential impact of commercial NPs on the 

environment (Zhang et al., 2008). The surface charge of suspensions can be assessed by 

electrophoretic light scattering (ELS), which can be performed via the determination of the 

Doppler shifts in the scattered light. Electrophoresis occurs when charged particles in 

dispersion move toward the electrode of opposite polarity once an electric field is applied 

to them. Therefore, as the laser light is scattered by the moving particles, a shift in the 

frequency can be observed when a laser beam passes through the sample undergoing 

electrophoresis (Xu, 2001). 

 



doi:10.6342/NTU201600898

31 

 

2.2.2 Methods for measuring the elemental composition of single nanoparticle 

2.2.2.1 X-ray diffraction (XRD) 

X-ray diffraction (XRD) determines the crystalline structure and the chemical 

composition of the material, basing on the principle that each crystalline solid has a unique 

characteristic X-ray pattern (Naumov, 2012). The X-ray beam is scattered by the sequence 

of atoms when passing through the sample, this technique depends on the particular 

crystalline structure. This non-destructive technique is the main method for crystal 

structure characterization for bulk, thin film and nano-materials. However, the information 

about the elemental composition is needed to confirm by other elemental analysis methods 

such as IPC-MS/-OES (Lens et al., 2013). 

 

2.2.2.2 Synchrotron-based X-ray absorption spectroscopy (XAS)  

XAS is an element specific method to investigate the electronic and geometric structure 

of materials. Specifically applied to the study of nanoparticles, XAS provides information 

about the oxidation state, the elemental composition and the structure of the particles (Lens 

et al., 2013; Tiede et al., 2008). The technique is based on the concept that each element 

has unique electron binding energy that makes the X-ray absorption edge occurred at a 

unique energy. The X-ray beam produced by synchrotron radiation interacts with the 

sample through electrons bound in an atom, leading a scattering of the X-ray photons or an 

absorption by the material in the sample (Attwood, 2007). XAS spectrum can roughly 

divide into two parts: X-ray near edge structure (XANES) below the edge and up to 30-50 

eV, and extended X-ray absorption fine structure (EXAFS) above 30-50 eV. XANES 

region offers the information about the valence state (Bazin and Rehr, 2003); EXAFS range, 
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in contrast, reveals the average local atomic structures and nearest neighboring atoms to 

the atom of interest (Koningsberger and Prins, 1988). 

XAS is a well-known analytical method permitting direct and in-situ determination of 

speciation of trace elements that present in the complex solid samples at low concentration 

(Chaurand et al., 2007). Whereas XRD yields information on long-range structural aspects, 

XAS provides complementary details on the electronic environments of the metals and on 

the short-range structure. The application of these analysis technologies can identify the 

structure characteristics of mineral colloids/NPs. 

 

2.2.2.3 Fourier transform infrared spectroscopy (FTIR)  

Infrared spectroscopy (IR) spectroscopy is based on the principle that atoms vibrate at 

a unique frequency when they are exposed to an incident infrared light, absorbing IR 

vibration in a specific wavelength. The unabsorbed light passes through the sample to a 

detector, which yields the IR spectrum (absorbed energy versus frequency). The Fourier 

transform infrared spectroscopy (FTIR) consists of irradiating the sample with a wider 

range of frequencies. The obtained results are then mathematically converted to a typical 

spectrum through the use of Fourier transform (Larkin, 2011). FTIR spectrum demonstrates 

the information about the specific molecular components and bonding structures, and it 

allows quantitative analysis since the strength of the absorption is proportional to the 

concentration (Reig et al., 2002). FTIR is considered one of the most powerful techniques 

for chemical analysis as well as for characterization of nanoparticles due to its simplicity, 

sensitivity and speed of analysis (Lemine, 2009).  
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2.3  Pollutants of concern 

2.3.1 Halogenated organic contaminants 

2.3.1.1 Pentachlorophenol (PCP) 

Pentachlorophenol (PCP) has been widely used throughout the world as disinfectants, 

biocides, wood preservative, and pesticides. PCP can be found in the air, surface water, 

soil, and groundwater aquifers due to its broad use, sorption properties, and environmental 

stability (Goerlitz et al., 1985; Mannisto et al., 2001; Valo et al., 1984).  PCP are versatile 

biocides in widespread use. Worldwide production is about 150,000 tons per year in 1977. 

About 80% of the PCP in the United States were used as the wood- preserving after PCP 

is proven to have a strong antibacterial or fungicidal activity for yeasts, fungi, mosses, 

algae and other microorganisms (Jorens and Schepens, 1993). Chlorinated phenol 

congeners comprise of 19 chlorinated phenol compounds, including 3 monochlorophenols 

(MCP), 6 dichlorophenols (DCP), 6 trichlorophenols (TCP), 3 tetrachlorophenols (TeCP), 

and one pentachlorophenol (PCP). In general, the increase in toxicity correlates with the 

number of chlorine substituents introduced into the molecule. Consequently, 

pentachlorophenol is the most toxic chlorinated phenol. An-shun site was a serious PCP 

contaminated site, which also contaminated with dioxin and mercury by China 

petrochemical development corporation. Until now, the residual PCP in soil is around the 

site ranged from 0.312 mg/kg to 110 mg/kg (Thuan and Chang, 2012).  

The remediation methods for PCP contaminated soil have been found to be inefficient 

mainly due to: (i) sorption of hydrophobic organic pollutant to natural organic matter with 

a very slow desorption rate and (ii) the high reactivity of hydroxyl radicals with soil 

constituents (Lindsey and Tarr, 2000). In order to enhance the migration of pollutants from 
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soil to water phase, various approaches had been applied : (i) thermal treatment which 

relied on an increase in soil temperature, where PCP tended to show a preference for the 

aqueous phase rather than the soil matrix (Tse and Lo, 2002), and (ii) enhanced in situ 

flushing technology, which was based on the use of flushing agents such as solvent 

mixtures (Chu and Kwan, 2003) and surfactant foam (Wang and Mulligan, 2004) that acted 

to increase the HOCs’ apparent aqueous solubility. However, some of the intermediate 

products during the decomposition of PCP might be more toxic than the original PCP, such 

as polychlorinated dibenzo-p-dioxins (PCDDs) and polychlorinated dibenzofurans 

(PCDFs) in the environment (Harnly et al., 2000). And with ZVI treatment, the 

transformation of chlorinated organic compounds was slow; some chlorinated byproducts 

might be produced and accumulated (Wei et al., 2006), or the PCP degradation might not 

 

2.3.1.2 Brominated flame retardants (BFRs) 

Brominated flame retardants (BFRs) are widely used as additives in many household 

and commercial products to reduce their flammability. Concerns have increased due to 

their occurrence in the environment and humans during the past years (Soderstrom et al., 

2004). Reactive BFRs, such as tetrabromobisphenol A (TBBPA), are chemically bonded 

into the plastics. Additive BFRs, which include polybrominated diphenyl ethers (PBDEs) 

and hexabromocylododecane (HBCD), are simply blended with polymers through physical 

bonds instead of chemical bonds, allowing PBDEs to leach out of the products into the 

surrounding environment (Hutzinger and Thoma, 1987). Due to their hydrophobic 

characteristic, high chemical stability, and widespread use, BFRs have been detected at a 

highly contaminated level in the environment (Eljarrat et al., 2004; Morris et al., 2004; 
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Ruan et al., 2009; Sellstrom et al., 1998). The levels of BFRs detected in biota and 

environmental matrices have been found to be increasing in recent years (Fernie et al., 2009; 

Law et al., 2006; Morris et al., 2004). BFRs has been detected in human, especially in 

human breast milk (Eljarrat et al., 2009). BFRs is being considered to be listed as one of 

persistent organic pollutants (POPs) since 2013, and is under review now.  

Decabrominated diphenyl ethers (DBDE) comprises approximately 80% of the world 

market demand for PBDEs, which in 2001 was reported at 56,100 metric tons (Stapleton 

et al., 2004). It is expected to adsorb onto soil or sediment particles owing to its 

hydrophobicity, causing increasing concern over its occurrence in wildlife and humans 

during recent years (Gorgy et al., 2010; Soderstrom et al., 2004). Although PBDEs have 

shown low acute toxicities, they have been linked to hepatocellular carcinomas, thyroid 

adenomas, and reproductive toxicity (Kunisue et al., 2007; Talsness et al., 2005). PBDEs 

may also have endocrine disrupting effects because they can interact as antagonists or 

agonists at androgen, progesterone, and estrogen receptors (Hamers et al., 2006). However, 

information regarding the effective remediation of BFRs in the environment is still limited. 

Previous studies have also reported the microbial debromination of BFRs (He et al., 2006; 

Robrock et al., 2008); however, the biotic reductive debromination method was found to 

be inefficient, and further disposal treatment strategies were needed. 

 

2.3.1.3 Chlorinated solvents  

DNAPLs such as Trichloroethylene (TCE) are common source of groundwater 

contamination in many industrialized sites. Until now, there are a variety of technologies 

have been explored to remediate sites where contaminated with chlorinated hydrocarbons. 
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Though it remains highly challenging to remove or destroy these DNAPLs in a timely and 

cost-effective manner owing to the magnitude and complexity of the problem. 

TCE is one of the common chlorinated organic compounds in the areas adjacent to dry 

cleaners, automobile manufacturers or shops, asphalt processing plants, and military bases. 

The major use for trichloroethylene is as a solvent. Various technologies have been 

explored for dechlorination of chlorinated hydrocarbons, including bioremediation, 

thermal treatment, and permeable reactive barriers. Among many technologies tested so 

far, abiotic dechlorination using ZVI appears to be one of the most promising technologies 

(Cheng and Wu, 2000; Schlicker et al., 2000). However, due to the limited reactivity of 

ZVI, TCE reduction rate has been found very slow (Agrawal et al., 2002; Johnson et al., 

1996; Kober et al., 2002). Recently, NZVI and bimetallic Fe NPs such as Pd/Fe and Ni/Fe 

have been used for in-situ TCE dechlorination. The degradation rate constant of TCE with 

Fe0 was 1.0 × 10−3 L/hr·m2 after 20 days and remained constant for 160 days (Liu and 

Lowry, 2006). Kim et al. (2010) pointed out that over 99% of TCE was removed by 50 g/L 

of Pd/Fe with rate constant of 1.6 L/h g. However, as results, toxic intermediate byproducts 

may form during reduction process (Arnold and Roberts, 2000; Johnson et al., 1996). 

 

2.3.2 Azo dyes 

Wastewater from the textile industry constitutes a significant source of water pollution 

because dyes are highly colored and are recalcitrant to degradation in the environment. 

Worldwide, approximately 80% of synthetic dyes were produced for modern textile 

industry, and over 700,000 tons of dyes were applied to 40 million tons of fabric every year 

(Bilgi and Demir, 2005; Molinari et al., 2004). Recent estimates indicate that each year 
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about 1-20% of the total world production of dyes is lost in effluent during manufacturing 

and processing operations (Houas et al., 2001; Ràfols and Barceló, 1997). Aromatic azo 

dyes, which contain the azo group (-N=N-), constitute about half of the dyes traded in 

markets worldwide (Maynard, 1983; Weber and Adams, 1995), are widely used in textile, 

plastic, leather, cosmetic and pharmaceutical industries (Kulkarni et al., 1985; Zollinger, 

2003). Azo dyes have been recognized as potential carcinogens in recent years (Chung and 

Cerniglia, 1992; Kusic et al., 2006; Oliveira et al., 2006).  

Azo dye effluents are highly resistant to microbial biodegradation, and thus 

conventional biological treatment processes are generally ineffective. Dye wastewaters, 

especially in a high effluent concentration, are also resistant to destruction by physical-

chemical treatment methods such as activated carbon method, UV light-degradation and 

chemical oxidation-reduction treatments (Perey et al., 2002). In order to remove complex 

compounds of dye from the wastewater, the degradation of azo dyes by Fe particles has 

attracted much attention over the past decade (Cao et al., 1999; Hou et al., 2007; Perey et 

al., 2002) 
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Chapter 3 Materials and methods 

3.1 Chemicals 

3.1.1 Analytical standards 

The analytical standards used were pentachlorophenol (PCP, C6HCl5O; Sigma), 

chlorophenol standards including 19 chlorophenols (Supelco), deca-brominated diphenyl 

ether (DBDE, C12Br10O; Fluka), trichloroethylene (TCE, C2HCl3; Acros), reactive black 5 

(RB5, C26H21N5Na4O19S6; Sigma-Aldrich), and Leonardite HA (LHA, 1S104H; 

International Humic Substances Society (IHSS). The chemical properties of LHA was 

listed at Table S1 in the supporting information. 

 

3.1.2 Solvents 

The following solvents were used: ethyl acetate, methanol, and n-hexane (J.T. Baker), 

acetonitrile (Acros), deionized water (Milli-Q system, 18.2 MΩ cm-1; Millipore). The 

deionized water was deoxygenated by boiling for 30 min and then purging with nitrogen 

gas. 

 

3.1.3 Reagents 

All chemicals were of regent grade. Formic acid (FA, C H2O2) was purchased from 

Sigma. HEPES (4-(2-Hydroxyethyl)piperazine-1-ethanesulfonic acid, C8H18N2O4S) were 

purchased from Fluka. Potassium hexachloropalladate (K2PdCl6), microscale ZVI (MZVI, 

325 mesh, BET surface area of 0.17 m2/g), citric acid (CA, C6H8O7), oxalic acid (OA, 

C2H2O4), and Ferrozine™ iron reagent ((3-(2-Pyridyl)-5,6-diphenyl-1,2,4-triazine-p,p′-

disulfonic acid monosodium salt hydrate, C20H13N4NaO6S2·xH2O), and 2’,7’-
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dichlorofluoresceinacetate (DCFH-DA) were purchased from Acros. Copper sulfate 

pentahydrate (CuSO4·5H2O), palladium (Pd) powder, and Tris (Trizma®  base, 2-Amino-2-

(hydroxymethyl)-1,3-propanediol, NH2C(CH2OH)3) were obtained from Sigma-Aldrich. 

Sodium sulfate (NaSO4), sodium carbonate (Na2CO3), sodium bicarbonate (NaHCO3), 

carboxymethyl cellulose sodium (CMC, C28H30Na8O27, M.W. =982 g/mol), sodium 

phosphate monobasic (NaH2PO4), and potassium hydroxide (KOH) were purchased from 

Riedel-deHaën. Ferrous sulfate heptahydrate (FeSO4·7H2O), sodium chloride (NaCl), 

sodium nitrate (NaNO3), sodium hydroxide (NaOH), ammonium acetate (C2H3O2NH4), 

and hydrochloric acid (HCl) were obtained from J.T. Baker. Sodium borohydride (NaBH4) 

was purchased from Shiyaku Kogyo Co. Ltd., Japan. Nickel sulfate hexahydrate 

(NiSO4 ·6H2O) was obtained from Hayasi Pure Chemical Industries Ltd. All solutions 

were made in deionized water. 

 

3.2 The preparation and analysis of ZVI, NZVI and bimetallic Fe NPs 

3.2.1 ZVI pretreatment 

1 g of ZVI particles were pretreated with a HCl washing process to remove the passive 

film followed by soaking with 0.1 M HCl (10 mL), then washed with deoxygenated DI 

water and dried at 70 oC overnight in the anoxic glovebox (Coy Lab Products, Inc.) under 

a H2/N2 atmosphere (95% N2 and 5% H2). 

 

3.2.2 Synthesis of bare Fe NPs 

NZVI particles and bimetallic Pd-doped Fe (Pd/Fe) NPs were chemically synthesized 

in the anoxic glovebox. A 180 mM ferrous sulfate solution was reduced using sodium 
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borohydride at a molar ratio for BH4
−/Fe2+ of 2.0. The obtained black nanoparticle 

suspension was filtered through a 0.45 μm membrane (mixed cellulose ester) and then 

washed with pH 4 sulfuric acid and deionized water several times to remove the residual 

reagents and salts. The final dosage of NZVI was theoretically 10 g/L. Bimetallic Pd/Fe 

NPs were synthesized by injecting potassium hexachloropalladate (IV) solution into fresh 

NZVI suspension. For instance, the concentration of free Pd ions in NZVI suspension to 

form 0.1% wt Pd0 decreased from 16.4 mg/L to 0.06 mg/L after synthesis, that is, over 99% 

of Pd ions were deposited and reduced on the NZVI surface. Pd/Fe NPs were then rinsed 

with deionized and deoxygenated ultrapure water to remove salts. The resultant Fe NP 

suspension was used for reactions performed immediately. 

 

3.2.3 Synthesis of CMC stabilized Fe NPs 

CMC coated Fe NPs were prepared according to the method modified from He and co-

workers (He et al., 2007). the stabilizer CMC stock solution was prepared by dissolving 

33.3 g CMC powder in 1000 mL DI water. A 50 g/L ferrous sulfate solution (8.5 mL) was 

mixed with 6.25 mL CMC stock solution at room temperature to obtain the desired amount 

of CMC-Fe2+ complex. After stirring for 20 min, a 400 mM sodium borohydride solution 

was added dropwise into the CMC-Fe2+ complex to obtain a stabilized atomic Fe NP 

suspension (25 mL). The BH4
−/Fe2+ molar ratio was higher than 2.0 to ensure the efficient 

reduction of Fe2+ by BH4
−. Next, CMC-stabilized Ni bimetallic Fe (CMC-Ni/Fe) NPs were 

prepared by injecting the nickel sulfate solution into the CMC-Fe0 solution and stirring 

until the hydrogen gas evolution ceased. The CMC sorption should not prevent the 

accessibility of the CMC-stabilized core Fe particles for the electron acceptors because of 
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the chain-like structure and macromolecular nature of CMC (Doong and Lai, 2005). Thus, 

Fe NPs reduced Ni2+ to Ni0, resulting in the formation of Ni/Fe bimetallic NPs (Xu et al., 

2009). The resultant CMC-stabilized Fe NPs were used for reactions performed within 24 

hours. The final CMC/Fe molar ratio was 0.0005, which was theoretically calculated from 

a Fe0 dosage of 180 mM and CMC concentration of 0.093 mM. The dosage of Ni was 0.5-

5.0 wt% of Fe. 

 

3.2.4 Characteristics of ZVI and Fe NPs 

3.2.4.1 The Fe2+ dissolution from the Fe surface 

Fe2+ and Fe complex concentrations were measured colorimetrically using the ferrozine 

method (Viollier et al., 2000). A ferrozine agent (10 mM) was prepared in an ammonium 

acetate solution of 100 mM. 1 mL of 0.22 μm-filtered sample (non-pyrogenic, Minisart) or 

standard was mixed to 100 μL of ferrozine agent. The absorbance was measured at the 

maximal absorption of Fe2+-ferrozine complex of 562 nm. The concentrations of total Fe 

and noble metal were quantified using an inductively coupled plasma optical emission 

spectrometry (ICP-OES) (The Perkin Elmer® Optima™ 8000). Each sample was digested 

using concentrated nitric acid and then diluted to nitric acid of 2% before ICP analysis.  

 

3.2.4.2 The surface morphologies of Fe particles 

The surface morphologies of Fe were analyzed using a scanning electron microscope 

(SEM, JOEL JSM-7600F). A diluted ZVI sample was dropped on an acid-washed silicon 

wafer and heated at 120-150 oC for 15 min under an anaerobic condition. The morphology 

of the NPs and colloids was determined using a transmission electron microscope (TEM) 
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(JEOL Corp. JEM2010), the diluted Fe samples were sonicated for 15 min and dropped on 

a Cu grid to dry. The particle size was calculated using ImageJ (v1.47) software. 

The fitting of size distribution is based on the non-linear curve fitting module in OriginLab 

(v8.1). The peaks were fitted as the accumulation of Gaussian function.  

The hydrodynamic particle size (z-average) of the suspended Fe NPs was analyzed by 

dynamic light scattering (DLS) (Nano-ZS, Malvern). Diluted samples were used in order 

to avoid multiple scattering which can make data interpretation difficult. The CONTIN 

algorithm was used to convert intensity autocorrelation functions to intensity-weighted 

particle hydrodynamic diameter distributions, assuming the Stokes-Einstein relationship 

for spherical particles.  

The zeta-potential of Fe NP suspension was monitored using a Zetasizer (Nano-ZS, 

Malvern). Measured values were converted to apparent zeta-potentials using the 

Helmholtz-Smoluchowski relationship. 

The colloid stability of metal particles was evaluated using a sedimentation curve: the 

reading was performed with time in a UV-vis (CT 2200, ChromTech) at an absorbance of 

510 nm. 

 

3.2.4.3 The atomic and molecular structures of Fe particles 

The atomic and molecular structures of the crystals of ZVI and Fe NPs were determined 

using X-ray diffraction (XRD) (13A1 beamline of National Synchrotron Radiation 

Research Center (NSRRC), Taiwan). The Fe samples were prepared inside the glove box 

and sealed with plastic bags with original solutions. XRD scan range of 10-60° 2θ were 

acquired for iron and iron oxides with a scan speed of 2° min−1. 
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The Fe components of Fe NP suspensions were analyzed using X-ray absorption near 

edge structure (XANES) (16A1 beamline of NSRRC, Taiwan). The electron storage ring 

was operated with energy of 1.5 GeV and current of 300 mA. A Si (111) double-crystal 

monochromator (DCM) was used to provide highly monochromatized photon beams with 

energies of 2-8 keV and an energy resolution of 1.5×10–4-2.1×10–4. The data were collected 

using the transmission mode and the fluorescent mode with a Lytle detector in the region 

of the Fe K-edge (7115 eV) and Ni K-edge (8333 eV) at room temperature. The K-edge 

XANES scans for Fe (7092-7192 eV) and Ni (8132-8629 eV) were recorded with 

incremental steps of 0.2 eV and 4.0 eV, respectively. The XANES data were then analyzed 

by Athena version (0.8.058). For XRD and XANES analysis, the samples were prepared 

inside the glove box and sealed with plastic bags with their original solutions. 

 

3.2.4.4 The Fourier transform infrared spectroscopy (FTIR) technique  

Synchrotron radiation based infrared microspectroscopy (SR-IMS) beamline provide 

considerable brightness advantages over conventional IR sources (14A1 beamline of 

NSRRC, Taiwan). The combination of IMS with high brightness synchrotron radiation has 

greatly improved the spatial resolution of this technique by allowing high quality spectra 

to be collected from samples whole size is approaching the diffraction limit for this 

wavelength of infrared. The samples for FTIR analysis were treated through an air-drying 

process under the anaerobic condition. For this, samples were prepared with 99.9 wt% (250 

mg) of KBr and approximately 0.1 wt% (0.3 mg) of the analyzed HA-Cu powder using the 

KBr pellet mode.  
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3.3 Removal kinetics of halogenated organic compounds by well-suspended Fe NPs 

3.3.1 Physical dispersion methods 

The PCP stock solution (15 mg/L) was prepared by dissolving PCP in methanol/water 

(1:200, v/v) as a stock solution and this was stored at 4 oC. In order to compare the different 

dispersion techniques, a shaker (LM-530R, YIH DER), a magnetic stirrer (PC-420D, 

Corning), an US probe (Ultrasonic 250, HOYU), as well as a combination of a magnetic 

stirrer and an US probe (US/stirring) were used to disperse Fe NPs.  

For shaking, the batch reactions were conducted in 5 mL amber vials, sealed with 

Teflon-lined septa. Each vial contained 2 mL of PCP stock solution, 2.5 mL of Fe NPs 

suspension, and around 0.5 mL deoxygenated ultrapure water to eliminate headspace, 

which was prepared in the anaerobic chamber. An orbital shaker operating at 150 rpm was 

used and the stirrer was set at 120 rpm. For the US (23 kHz and a rated output power of 

250 W) and US/stirring systems, all of the time-dependent experiments were performed in 

the anaerobic glovebox. 10 mL of PCP stock solution and 12.5 mL Fe NPs suspension were 

mixed in a 100 mL beaker placed in a water bath and maintained at a constant temperature 

of 25oC during sonication. The initial concentration of the PCP in all reactors was 7.2 mg/L. 

The Fe dosage for all the experiments quantified using ICP-OES was 4.5 g/L. The initial 

pH of medium was approximately 6.7. The setting for the US/stirring system is shown in 

Scheme 3-1. The magnetic stirring rate was 120 rpm. Control experiments were run under 

different physical dispersion methods without addition of Fe NPs. The solution pH and the 

reduction potential were monitored during these reactions. 
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The effect of Fe dosage, noble metal loading and anions on the removal of PCP by 

well-suspended Fe NPs was determined. Individual solutes of three common anions were 

used in sodium form (i.e. chloride, nitrate and bicarbonate) without a buffer.  

 

 
Scheme 3-1. Schematic of the US/stirring setup employed in the present study. 

 

3.3.2 Chemical dispersion method 

A DBDE-simulated solution was prepared by spiking a known volume of the stock 

solution with a fixed proportion of EA:methanol:water to combine the stock solution with 

an aqueous system. 27 mg of DBDE was dissolved in 80 mL EA and then diluted with 

methanol up to 200 mL.  

Batch experiments were conducted in amber vials capped with Teflon-coated septa. 

Next, 2 mL of freshly prepared CMC-Ni/Fe NPs were added to an amber vial that contained 

2 mL of the 2 mg/L DBDE stock solution. The final DBDE concentration was 

approximately 10 mg/L, and the CMC-Ni/Fe NPs dosage was 5 g/L. Blank experiments 

were conducted in the absence of CMC-Ni/Fe NPs. Each batch reactor was operated at 

room temperature (25 °C) with continuous shaking (100 rpm) throughout the experiments. 

To study the effects of environmental factors, such as temperature, pH value, and anions 
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(chloride, nitrate, and bicarbonate), on the removal kinetics of the DBDE with CMC-Ni/Fe 

NPs, all experiments were performed in duplicate. The pH values of the samples were 

adjusted using 1 M HCl and NaOH. 

 

3.4 Removal kinetics of halogenated organic compound by ZVI and Fe2+ in the 

presence of ligand 

TCE saturated stock solution was prepared by dissolving excess TCE in deoxygenated 

DI water. Three organic ligands, FA (pKa = 3.75), OA (pKa1 = 1.25 and pKa2 = 4.27) and 

CA (pKa1 = 3.13, pKa2 = 4.76 and pKa3 = 6.40), were selected to investigate the 

enhancement on the reactivity of ZVI. HCl was applied as an inorganic ligand conducted 

to this study was performed to compare with organic ligands.  

Batch experiments were performed in 110 mL anaerobic septum-sealed vials in 

triplicates. Each vial contains 50 mL of reactants and reagents including TCE (2 µL), a 

ligand of interest (30 mM), and acid-pretreated ZVI (1 g). The finial Fe dosage was 20 g/L 

and TCE initial concentration was 4.57 μM. Blank experiments were run in the presence 

of ligand without addition of ZVI. The effect of Fe2+-Ligand complexes on the removal 

kinetic of TCE was also investigated in this study. Fe2+ was applied with a concentration 

of 40 mM, which was higher than it released from ZVI in the inorganic ligand system after 

the reaction. Fe2+ was mixed with carboxylic ligands and TCE stock solution under a same 

condition mentioned above. All sample preparations were performed in the glovebox. 

Reactors were mixed on an orbital shaker with 100 rpm at room temperature. All 

experiments were performed in triplicate. 
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3.5 Formation and analysis of HA-Fe complexes and HA-metal colloids 

3.5.1 Perpetration of HA stock solution 

A LHA stock solution was prepare by dissolving HA powder (3.98 g/L) in pH 9 

solution (adjusted with 5 M KOH) and then filtered through a 0.45 μm filter (Nylon 66, 

BGB). The total organic carbon content was 1.86 g/L − measured with total organic carbon 

(TOC) analyzer (DIMATOC®  2000, TIMATEC Inc.). 

Untreated HA (UHA) solution was prepared by diluting LHA stock solution with 

deoxygenated buffer inside a glovebox (MBraun, O2 < 0.1 ppm). In this study there were 

two methods applied to reduce HA according to the purpose of the system. For the first 

method, Reduced HA (RHA) was prepared using the H2 gas method as described by 

Kappler et al. (2004) and Peretyazhko and Sposito (2006). Diluted HA stock suspensions 

(398 mg/L) in 100 mL serum bottles were prepared in pH 7 deoxygenated DI water in the 

presence of 15 mg of Pd catalysts. The serum bottles were then sealed and the suspensions 

were incubated on a shaker at laboratory temperature (25 °C) for 48 hours under N2/H2 

atmospheric condition (95% N2 and 5% H2). Stock suspensions of H2-reduced HA were 

flushed with N2 gas to remove excess H2 gas and then transferred to the glovebox for 

subsampling and chemical analyses. This RHA stock solution was applied to form RHA-

Fe complexes, as described in section 3.5.2. 

The second method used was the NaBH4 reducing method, as described by Tinnacher 

and Honeyman (2007) and Sharpless (2012). The HA concentration was diluted to 

approximately 1.1 g/L and then reducing by adding an excess of NaBH4 (approximately 15 

mmol/L). After mixing for 4 to 6 hours, the standard Eh of RHA reached –0.2 V. The pH 

value of RHA was adjusted to pH 7 to halt the activity of the reducing agent (Kojima et al., 
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2002; Schlesinger et al., 1953). This RHA solution was applied to form metal colloids as 

described in section 3.5.3.  

 

3.5.2 Preparation of HA-Fe complexes 

A HA-Fe complex solution was formed by adding Fe2+ solution into UHA or RHA 

gently mixed for 48 hours inside the glovebox. For the reduction of RB5, it need 8 mmol/L 

e– were needed to destroy the molecular structure of 1 mmol/L RB5. The electron accepting 

capacity (EAC) of LHA was 8.6 mmol/molc -1711 μmol/gHS (Aeschbacher et al., 2009; 

Peretyazhko and Sposito, 2006), i.e. approximately 28-30 mg/L HA (about 50 μmol/L e–) 

or 50 μmol/L Fe2+ was applied in this study to decompose 6 mg/L RB5. Therefore the 

Fe2+/HA ratio was 2 mmol/g ([Fe2+]= 50-60 μM) in this study to observe the reactivity of 

HA-Fe complexes toward RB5. The pH/Eh values and Fe concentration were monitored 

during the mixing process.  

Fe2+ concentration was measured colorimetrically using the ferrozine method (Viollier 

et al., 2000). The ferrozine agent (10 mM) was prepared in an ammonium acetate solution 

of 100 mM. 1 mL of unfiltered or 0.02 μm-filtered sample (Whatman) and the standard 

was mixed to 100 μL of ferrozine agent. The absorbance was measured at the maximal 

absorption of the Fe2+-ferrozine complex of 562 nm without interference from LHA. The 

ferrozine assay could be used to determine free Fe2+ and HA-Fe species without the 

interference of HA, as shown in Figure 3-1. Total Fe (Fetot) concentration was measured 

by inductively coupled plasma optical emission spectrometry (ICP-OES, Agilent 5100). 

1.0 mL of filtered/unfiltered samples and standards were digested by concentrated HCl, 

then diluted with DI water until the HCl background concentration was 2.6%.  
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The different between total Fe and Fe2+ filtered samples could represent as the sum of 

Fe3+ and oxidized HA-Fe. 

Fe3+/HA-Fe3+ = filtered 𝐹𝑒𝑡𝑜𝑡 − 𝑓𝑖𝑙𝑡𝑒𝑟𝑒𝑑 𝐹𝑒2+ (3-1) 

The precipitated Fe could be derived from the difference between unfiltered total Fe and 

filtered total Fe, as shown in eq. 3-2 

Fe colloids = unfiltered 𝐹𝑒𝑡𝑜𝑡 − 𝑓𝑖𝑙𝑡𝑒𝑟𝑒𝑑 𝐹𝑒𝑡𝑜𝑡 (3-2) 

 

 
Figure 3-1. The standard curves of (a) RB5, (b) HA, and (c) RB5 with HA. For RB5 with 

the HA set, a linear relationship was observed between the actual absorbance value and the 

expected absorbance values.  

 

3.5.3 Preparation of metal colloids in the presence of HA 

For a pretest experiment, HA-metal colloids were formed by mixing high concentration 

(10 g/L) of Fe2+ or Cu2+ solution with HA (20 and 60 mg/L) at the gentle mixture for 48 

hours in the glove box. This test offered a rough result about the morphology and the 

reactivity of Fe and Cu colloids in the presence of UHA. After evaluating their properties, 

Cu2+ was chosen as a precursor. 
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To investigate the formation of Cu colloids, an overdose of Cu2+ was applied in this 

study. 1.6 g/L CuSO4 stock solution was mixed with 1 g/L of UHA or RHA for 24 hours. 

The color of HA solution turned to black-brown and formed suspension. Samples washed 

with deoxygenated ultrapure water and then resuspended in deoxygenated ultrapure water 

with a final Cu2+/HA ratio of 6.4 mmol/g. The final pH of the HA-Cu suspension was 

adjusted to a range of pH 7.5 to 8.0 with 1 M HCl and 1 M KOH. All suspensions were 

kept at 25 oC in the dark under anaerobic conditions for the batch degradation experiments.  

Cu concentration was analysed using atomic absorption spectrometry (AAs) and ICP-

OES, as mentioned above. Metal concentrations in both the solid (c𝑐𝑜𝑙𝑙𝑜𝑖𝑑) and dissolved 

in solution (c𝑑𝑖𝑠𝑠𝑜𝑙𝑢𝑡𝑖𝑜𝑛) were calculated from the concentrations measured in the unfiltered 

(cunf) and the 0.1-μm filtered (cfill) solutions according to equations modified from Maurer 

et al. (2012):  

ccolloid = cunf − cfill (3-3) 

cdissolution = cfill (3-4) 

The K-edge XANES (16A1 and 17C1 beamlines of NSRRC, Taiwan) was applied to 

determine the oxidation state and local structure of the Cu colloids. 5 mL of the HA-Cu 

suspension was filtered through a 0.1 μm filter (mixed cellulose ester, Advantec) and then 

sealed in a plastic bag. The data of Cu were collected transmission mode with a Lytle 

detector in the region of the Cu K edge (8979 eV) at room temperature. The K-edge 

XANES scans for Cu were in the range of 8778-9275 eV and were recorded with 

increments of 5.0 eV. All edge-normalized spectra and the contributions of Cu species to 

the total Cu were calculated by the linear combination fitting (LCF) tool in Athena.  
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3.6 The reactivity of HA-Fe complexes and HA-metal colloids 

3.6.1 HA-Fe complexes 

There were three buffer solutions applied in this study, i.e. 100 mM of acetate, HEPES 

and Tris buffer to mimic the pH 5, pH 7, and pH 9 conditions, respectively. pH 5 Acetate 

buffer was prepared by mixing sodium acetate (64.3 mM) and acetic acid (35.7 mM), then 

solution was adjusted to a pH of 5 with acetic acid.  

Batch experiments were carried out in 50 mL vails containing 6.3 mg/L RB5 mixed 

with Fe2+, HA or HA-Fe complexes at 25 oC a shaker speed of 160 min−1 in the dark. The 

concentration of RB5 was measured using a Cary 50 BIO UV-visible spectrometer (Varian) 

with a full scan from 250-900 nm and a specific absorption at 596 nm. All batch 

experiments were performed in triplicates. Fe concentrations were measured over time. 

Samples were unfiltered or collected by using a 0.22 μm-filter (Nylon 66, BGB) and then 

analysed for the concentration of Fe2+ and total Fe. 

 

3.6.2 HA-metal colloids 

In the batch experiments, 100 mL vials contained HA-Cu suspension and RB5 stock 

solution with a final Cu2+/HA ratio of 6.4 mmol/g. the experiments were carried out at 25 

oC a shaker speed of 100 min−1 in the dark. HA control system was proceeding at the same 

condition as control experiments. In order to eliminate the concern about the effect of 

NaBH4 that remained in solution, the same procedure for the HA reducing process was 

performed at the same condition without adding HA and Cu2+. All batch experiments were 

performed in duplicates. The sample was filtered through a 0.22 μm filter and then analyzed 

using UV-vis (CT 2200, ChromTech). 



doi:10.6342/NTU201600898

52 

 

 

3.7 Analytical methods of halogenated organic compounds 

3.7.1 Analysis of PCP 

The concentration of PCP was quantified using HPLC (Agilent 1200) with a UV-vis 

detector and gas chromatography (GC) (Agilent 6890) with a micro-electron capture 

detector (μ-ECD) and mass spectrometer (MS) equipped with an ESI source (Agilent 

5975B). The mobile phase was a mixture of methanol and 1% H3PO4 (80:20 v/v) at a flow 

rate of 1.0 mL/min and the wavelength was set at 254 nm for PCP analysis. The GC was 

equipped with a HP−5 column (30 m×0.25 mm, 0.25 μm film). The carrier gas was 

ultrahigh-purity N2 of 99.999% and the flow rate was 60 cm/sec. The injector temperature 

was 250 oC, the oven temperature was maintained at 80 oC for 2 min and then increased at 

7 oC/min to 280 oC, at which temperature was maintained for 5 min. The detector 

temperature was 320 oC. For byproduct analysis, chlorophenols were separated using a GC 

program with an initial temperature of 60 oC for 2 min, ramping at 20 oC/min to 140 oC 

with 0.5 min holding, 1 C/min to 150 oC with 0.5 min holding, and 15 oC/min to 300 oC 

with 3 min final holding time. The flow rate was 30 cm/sec. To determine the adsorbed 

PCP on the Fe NPs, the Fe particles were dried and extracted with hexane and concentrated 

HCl, until there was no PCP residue in the extract.  

 

3.7.2 Analysis of DBDE 

The DBDE concentration was quantified using GC-μECD. The carrier gas was N2 

having an ultrahigh-purity of 99.999%. Next, a DB-5HT column with the dimensions of 

15 m × 0.25 mm and a 0.1-μm film (J&W Scientific, Agilent Technologies Inc.) was used 
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at a flow rate of 7.0 mL/min. The temperatures of the injector and the detector were set at 

310 and 340 °C, respectively. An initial oven temperature of 150 °C was maintained for 

0.5 min; it was then increased to 320 °C at 25 °C/min and was maintained for 5 min. 

In addition, the samples were analyzed to determine the concentration of the DBDE 

that was adsorbed on the Fe surface and that which remained as a residue in the solutions. 

After 60 min, each vial was centrifuged at 6000 rpm for 10 min (Hermle, Z323) to separate 

the solid and liquid phases, and samples were extracted three times with EA until no DBDE 

was detected. 

 

3.7.3 Analysis of TCE 

TCE was quantified using gas chromatography with GC-μECD equipped with a HP-5 

column (30 m×0.32 mm, 0.25 μm film). The injector and detector temperatures were 200 

oC and 280 oC, respectively. The flow rate was 1.0 mL/min. The oven temperature of 110 

oC was held for 4.5 min. As the adsorption of TCE on the Fe surface occurred during 

reactions, Fe particles were separated from liquid phases using a magnet after reactions. Fe 

particles were dried and extracted with hexane until there was no TCE residue in the extract.   

 

3.7.4 Analysis of ions 

The anion concentrations (chloride, nitrate, and ligands) in the solutions were 

monitored using ion chromatography (IC) (Metrohm, Switzerland) after filtering through 

a 0.22 μm filter (Minisart, non-pyrogenic). For chloride, nitrate, and formic acid, the eluent 

was the mixture of 1.0 mM NaHCO3 and 3.2 mM Na2CO3 with the flow rate of 0.7 mL/min.  
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3.7.5 Total ROS measurement 

The reactive oxygen species (ROS) was measured by the 2′7′-dichlorofluorescin 

diacetate (DCFH-DA) assay (LeBel et al., 1992). DCFH-DA can be de-esterified by NaOH 

to form nonfluorescent DCFH. First, 0.5 mL of 1.0 mM DCFH-DA was mixing with 2.0 

mL of 0.01 N NaOH. This de-esterification proceeded at room temperature for 30 min, and 

then the mixture was neutralized with 10 mL of 25 mM NaH2PO4. The DCFH solution was 

kept on ice in the dark until use. The presence of ROS could rapidly oxidised DCFH to 

highly fluorescent 2’, 7’-dichlorofluorescein (DCF). Reactions were conducted in a 200 

μL tube that contained 195 μL of sample and 5 μL of DCFH solution. Fluorescence reading 

was obtained 5 min, which was monitored on an infinite M200PRO (TECAN, Switzerland), 

with excitation wavelength at 488 nm and emission wavelength 525 nm. 

 

3.8 Modeling  

3.8.1 Reaction kinetics of halogenated organic compounds with Fe NPs 

The removal rate constant is described by a pseudo-first order reaction, as described in 

eq.3-5. 

Ct = C0 e
-kt (3-5) 

where C0 and Ct are the initial concentration (mg/L) of target compound and its 

concentration at reaction time t (min), and k is the measured rate constant (min-1). In 

addition, the ratio of the removal target compound to its initial concentration is defined as 

the removal efficiency (eq. 3-6). The ratio of the measured adsorbed target compound to 

the initial concentration is defined as the adsorption efficiency. The difference between 
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removal efficiency and adsorption efficiency is defined as the degradation efficiency (eq. 

3-7). 

Removal efficiency (%)= (C0－Cfinal)/ C0 × 100 (3-6) 

Degradation efficiency (%) = removal efficiency－adsorption efficiency (3-7) 

where Cfinal is the final target compound concentration (mg/L) in the aqueous phase.  

 

3.8.2 Dehalogenation efficiency of halogenated organic compounds 

The amounts of chloride or bromide released from target compounds into solutions 

were calculated as follow, 

Dehalogenated efficiency (%) = Mℎ𝑎𝑙𝑜,𝑓 𝑀ℎ𝑎𝑙𝑜,0⁄ × 100 (3-8) 

where Mhalo,0 and Mhalo,,f  are the total halide ions (mM) from the substrate and the produced 

halide ions (mM) in the degradation solution, respectively. The degradation efficiency 

described above was compared with the dehalogenation efficiency in many results. For the 

system contained HCl as mentioned in chapter 3.4, as it was difficult to determine the 

chloride concentration released from TCE, the degradation efficiency was calculated as the 

dechlorination efficiency. Also, for the system contained CMC as mentioned in section 

3.3.2, the degradation efficiency applied due to the interference of CMC on the analysis. 

However, the dehalogenation represented the efficiency of halide ions released from the 

parent compound; the degradation means that the transformation of the parent compound.  

 

3.8.3 Activation energy 

The Arrhenius equation was used to describe the relationship between rate constants 

and temperature: 



doi:10.6342/NTU201600898

56 

 

k  = Ae(-Ea RT)⁄ , (3-9) 

where A (L/min m2) is a frequency factor, Ea (kJ/mol) is the activation energy, R (kJ/ K mol) 

is the ideal gas constant (8.314 J/K mol), and T (K) is the absolute temperature. 

 

3.8.4 Fe dissolution kinetic of ZVI in the presence of ligands 

Fe dissolution processes were calculated via the measurement of Fe2+/Fe complex 

concentrations released from ZVI with time. The Fe dissolution kinetics could be described 

as a pseudo−first order kinetic model, as shown in eq. 3-6,  

𝑀𝐹𝑒,𝑡 = 𝑀𝐹𝑒,0 − 𝑀𝐹𝑒,0 𝑒
−𝑘𝐹𝑒𝑡 (3-10) 

where MFe,,t and MFe,0 are the dissolved Fe2+/Fe complex concentration (mM) at time t and 

the total Fe concentration, respectively. kFe was the reaction rate constant of Fe dissolution 

kinetic. 

 

3.8.5 Speciation calculation 

Aqueous and solid species of Fe and Cu were calculated using Visual MINTEQ 3.0 to 

estimate precipitation or complexation between Fe and ligand or HA under the conditions 

tested. The predominant species of Fe2+ complexes mentioned in chapter 4.4 were 

calculated using the Fe2+ concentration that measured after reactions, with the condition of 

the ligand (formic, oxalic, and citric acid) concentration and final pH value, as shown in 

Table 3-1. 

For chapter 4.5, HA modeling was performed using both the Stockholm humic model 

(SHM) and the non-ideal competitive adsorption (NICA) model for prediction. The 

additions of acid (HCl) and base (KOH) that were used to adjust the pH of the HA stock 
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solution were excluded in the models. The concentrations of FeSO4 and dissolved organic 

matter (DOM) were 50 µM and 18.6 mg/L (HA), respectively. The modeling was used to 

identify the main Fe species for further investigation.  

For chapter 4.6, HA modeling was performed using the SHM model for the prediction. 

The concentrations of CuSO4 and dissolved organic matter (DOM) were 1600 mg/L and 

500 mg/L (HA), respectively. The modeling was used to identify the dissolved Cu and 

precipitated Cu for further investigation.  

 

Table 3-1. The input data for Visual MINTEQ modeling. 

System pH ligand concentration (mM) Fe2+ (mM) 

30 mM HCl 6.84 30 12.6 

15 mM FA 6.74 15 6.0 

30 mM FA 5.84 30 24.4 

10 mM CA 6.53 10 6.5 

30 mM CA 5.36 30 10.8 
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Chapter 4 Results and discussions 

4.1 Well-suspended Fe NPs by the physical dispersion method 

The application of physical dispersion methods can simplify the system and study the 

catalytic behavior of Fe NPs toward halogenated organic compounds under different 

conditions as close to nanoscale without the additives on the Fe surface. 

The range of the particle sizes for the synthesized NZVI and Pd/Fe NPs was 50-100 

nm, as shown in the TEM images (Figure 4-1). However, the hydrodynamic particle sizes 

of two nanoparticles in aqueous solutions were more than 10 μm (about 34 μm-58 μm) 

measured by DLS. Fe NPs tend to form micro-sized aggregates in solution because of the 

magnetic attractive force and the van der Waals forces between nanoparticles (Giasuddin 

et al., 2007; Shih et al., 2010; Wang and Zhang, 1997). In order to determine the effect of 

well-suspended Fe NPs on the removal of PCP, comparative experiments were performed 

for the four different physical dispersion methods: the shaking, the stirring, the US and the 

US/stirring system. 

 

4.1.1 The removal of PCP by Fe NPs in different dispersion systems 

Approximately 52% of PCP was removed using NZVI under US irradiation while no 

obvious removal was noted in the shaking system. However, there was no chloride ion 

produced in the US system, showing that dechlorination did not occurred with NZVI, as 

will be discussed later (Figure 4-2). As compared to NZVI, PCP was removed by Pd/Fe 

NPs under four different dispersion conditions, as shown in Figure 4-3. The PCP removal 

efficiencies by Pd/Fe NPs were increased to approximately 81% and 93% for the US and 

the US/stirring systems after 1 hr while 43% and 74% for the shaking and the stirring 



doi:10.6342/NTU201600898

 

59 

 

system, respectively. kobs of PCP for the shaking, the stirring, the US and the US/stirring 

systems were 0.01, 0.05, 0.06 and 0.13 min–1, respectively.  

The PCP adsorption fractions for the stirring, the US, and the US/stirring systems were 

about 63%, 65%, and 73%, respectively, which were much higher than that for the shaking 

system (12%) (Figure 4-3b). Under these four physical dispersion methods, the size of 

Pd/Fe NPs remained on the micro-scale with an exception of the ultrasonic method, which 

decreased the average particle size from the micro-scale (34 μm) to the nano-scale (123 

nm) after US irradiation for 60 min (Figure 4-4). The same trend was also observed for 

NZVI. Also, Pd/Fe NPs were suspended continuously in solutions for 60 min in both the 

US and the US/stirring systems (Figure 4-5). The hydrodynamic particle size was 295±176 

nm during US irradiation. PCP was not removed in the US control system, indicating that 

the US power used in this study was not strong enough to eliminate the molecular structure 

of PCP. As large NP aggregates become smaller and were dispersed uniformly, the more 

surface area would expose to the substance. Pd/Fe NPs was dispersed at a nano-scale level 

using the US probe, and then cause more active sites on the Fe surface than that for nano-

aggregates. Therefore, US irradiation did increase the PCP removal via enhancing its 

adsorption on the surface of Pd/Fe NP. 

Several dechlorination byproducts such as 2,3,4,5-tetrachlorophenol (TeCP), 2,3,4,6-

TeCP, 2,3,4-trichlorophenol (TCP), and 3,4,5-TCP were identified in the US/stirring 

system. Three byproducts (2,3,4,5-TeCP, 2,4,5-TCP, and 3,4,5-TCP) were detected in the 

stirring system; however, only one byproduct (2,3,4,5-TeCP) was found in the shaking 

system (Figure S1). The result indicated that further dechlorination occurred on the surface 

of Pd/Fe NPs in the other systems but not in the shaking system though it had the highest 
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degradation of parent compound.  

 

 

Figure 4-1. TEM images of NZVI and Pd/Fe NPs. 

 

Figure 4-2. Removal reactions of PCP with NZVI under shaking and US suspended 

systems. PCP initial concentration was 6.5 mg/L and NZVI dosage was 1.0 g/L. The error 

bar in Figure 4-2 represented the standard error of an average over duplicated batch 

experiments. 
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Figure 4-3. (a) Removal reactions of PCP with Pd/Fe NPs under various suspended systems 

and (b) the PCP distribution after reacted with Pd/Fe NPs for 60 minutes. PCP initial 

concentration was 7.2 mg/L, Fe dosage was 4.5 g/L and Pd content was 0.1 wt%. The 

orbital shaker was operating at 150 rpm, the stirrer was set at 120 rpm, US output intensity 

was 75 W during US irradiation. The error bar in Figure 4-3 represented the standard error 

of an average over duplicated batch experiments. 



doi:10.6342/NTU201600898

 

62 

 

 
Figure 4-4. The average particle size of NZVI and Pd/Fe NPs under US probe irradiation 

for 60 minutes. Data collected from DLS results as number distribution. 

 
Figure 4-5. The sedimentation curves of Pd/Fe NPs under the US and the US/stirring 

systems. US output intensity was 75 W during US irradiation. 
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4.1.2 The removal mechanism of PCP by Pd/Fe NPs in US dispersion systems 

The removal rates of PCP increased with an increase in the output intensity of US from 

0 to 75 W, accompanied with a decrease in the hydrodynamic particle size of Pd/Fe NPs 

(Figure 4-6). However, the US irradiation did not enhance the PCP removal efficiency but 

increased the particle size of Pd/Fe NPs when the US output intensity increased from 75 

W to 250 W. It was worth noting that particle adhesion (especially van der Waals forces) 

increased when the particle size decreased. NPs may regroup back into several hundred 

nanometer clusters shortly after irradiating US if the suspension was not stabilized enough 

against re-agglomeration  (Thi Thuy et al., 2011). Therefore, the output intensity of the US 

probe about 75 W (i.e. 30% of 250 W) was chosen in this study to proceed with following 

experiments. 

The surface characteristic of Pd/Fe NPs under US irradiation was analysed using XRD 

(Figure 4-7). Pd/Fe NPs at 2 theta of 44 o have a weak peak which was expected as 

zerovalent iron (Fe0), although most of Fe0 oxidized to hematite (α-Fe2O3) by the reduction 

process of Pd ions on the NZVI surface, or oxidized during the specimen preparation for 

XRD analysation. No obviously oxidation was observed in a comparison of Pd/Fe NPs 

before and after US irradiation. US had a little effect on the promotion of total ROS 

generation (Figure S2), this demonstrated that the ROS that were generated by cavitation 

under US irradiation did not affect the surface character of Pd/Fe NPs. In general, an 

increase in the power and duration of the US irradiation results in the generation of more 

ROS because of cavitation (Hou et al., 2012). However, under the operating conditions in 

this study, cavitation did not destroy the molecular structure of PCP and seemed not to 

modify the surface of Pd/Fe NPs. 



doi:10.6342/NTU201600898

 

64 

 

The removal rates for PCP by Pd/Fe NPs were accelerated via adsorption because of 

dispersion of NPs in both the US and the US/stirring systems (Scheme 4-1). Fe particles in 

natural water are almost charged because there are Fe (hydro)oxides on the Fe surface that 

can be ionized. This surface charge is opposite in sign to that of the existing ionized PCP 

(pka=4.75) in common neutral pH, so there is an electrostatic attraction between the PCP 

anions in solution and the generally positive Fe (hydro)oxides on the surface of Pd/Fe NPs 

(Scheme 4-2). The same interactive force attracts PCP anions and chlorides that are 

released from PCP near a positively charged Fe surface in water. The PCP adsorption on 

the Pd/Fe NPs surface also increases when the particle size decreases for systems using US 

irradation. Kim et al. (2000) also noted that PCP loss occurred during ZVI and bimetallic 

ZVI treatments because of strong sorption on the ZVI, rather than by dechlorination. 

 
Figure 4-6. The effect of the US irradiation intensity on the removal of PCP and the particle 

size of Pd/Fe NPs. PCP initial concentration was 7.2 mg/L, Fe dosage was 4.5 g/L and Pd 

content was 0.1 wt%. US output intensity was 75 W during US irradiation.  
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Figure 4-7. XRD spectra of Pd/Fe NPs under various conditions. US output intensity was 

75 W. Anion concentration was 10 mM in the anion systems. Fe dosage was 4.5 g/L and 

Pd content was 0.1 wt%. 

 

 

Scheme 4-1. The interaction between contaminants and nano-aggregates or well-dispersed 

NPs.  
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Scheme 4-2. A positively charged Fe (hydro)oxide surface of Fe nanoparticle in water 

attracts anionic species including PCP– to the near-surface water.  

 

4.1.3 The effect of Pd doping on the removal of PCP by Fe NPs in the US/stirring system 

The addition of Pd onto Fe NPs increased both the removal rate and the degradation 

efficiency of PCP as compared to NZVI (Figure 4-8a). For the US/stirring system, when 

the Pd loading increased from 0 to 0.20 wt% of Fe NPs, kobs for PCP gradually increased 

from 0.038 to 0.140 min–1. More than 90% PCP was removed by Pd/Fe NPs with different 

amounts of Pd doping after 40 minutes in the US/stirring system. Most of the PCP was 

adsorbed on the Pd/Fe surface and only 12% of PCP was further degraded in the presence 

of 0.05 wt% Pd (Figure 4-8b). When the Pd doping increased to 0.20 wt% of Fe, the 

degradation efficiency of PCP increased to around 30% but the adsorption efficiency 

decreased to 60%. 

The dechlorination rate constants and the dechlorination efficiencies for PCP for Pd/Fe 

NPs with different Pd contents were shown in Figure 4-9. The dechlorination rate constants, 

which were calculated from the releasement of chloride and the pseudo-first order kinetics,  
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Figure 4-8. (a) The effect of Pd content on the removal kinetics of PCP by Pd/Fe NPs in 

the US/stirring system and (b) the PCP distribution after reacted with Pd/Fe NPs for 40 

minutes. PCP initial concentration was 7.2 mg/L and Fe dosage was 4.5 g/L. The stirrer 

was set at 120 rpm, US output intensity was 75 W during US irradiation. The error bar in 

Figure 4-8 represent the standard error of an average over duplicated batch experiments. 
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increased from 0.002 to 0.006 min-1 when increased the Pd content from 0.05 wt% to 0.20 

wt% of Fe (Figure 4-9a). As no significant dechlorination of PCP was observed for NZVI 

without the Pd content, the well-dispersed Fe NPs removed PCP by adsorption onto the 

surface of Fe NPs. There was also a strong linear relationship between the Pd doping and 

the dechlorination efficiency (R2=0.968) of well-dispersed Fe NPs (Figure 4-9b). The 

dechlorination of PCP increased from 12% to 30% when increased the Pd content from 

0.05 wt% to 0.20 wt%. As the Pd content increased, more hydrogen adsorbed onto the Pd 

during Fe corrosion and increases the reactivity (Cheng et al., 1997). Fe oxidation was in 

greatly speeding the oxidation of Fe by the galvanic contact between Pd and Fe (Cheng et 

al., 1997; Cwiertny et al., 2006; Yan et al., 2010).  

 

 

Figure 4-9. The effect of Pd content on (a) the dechlorination reaction rate and (b) the 

dechlorination efficiency of PCP by Pd/Fe NPs under the US/stirring system. PCP initial 

concentration was 7.2 mg/L and Fe dosage was 4.5 g/L. 
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4.1.4 The effect of anions on the removal of PCP by Pd/Fe NPs in the US/stirring system 

Three common electrolytes, NaCl, NaNO3 and NaHCO3, were applied to investigate 

the effect of anion on the removal of PCP by using well-dispersed Pd/Fe in the US/stirring 

system (Figure 4-10a). In the presence of chloride, kobs for PCP increased slightly from 

0.120 min-1 to 0.160 min-1 when the chloride concentration increased from 5 mM to 10 

mM. As compared to the control (pure water) system, the reaction rate and the 

dechlorination efficiency enhanced slightly in the presence of chloride (Figure 4-10b and 

Figure 4-11). In general, Cl− promotes Fe corrosion and increases the reactivity of granular 

Fe toward chlorinated compounds (Devlin and Allin, 2005; Gotpagar et al., 1999; Johnson 

et al., 1998). However, Cl− does not affect the reactivity of Pd/Fe NPs in a well dispersion 

system. 

In the presence of NO3
−, most of PCP was removed in 40 minutes (Figure 4-10a).  

When nitrate concentrations were 5 mM and 10 mM, kobs were found to be respectively 

2.6- and 5.5-times magnetite higher than the control system. NO3
− generally inhibits the 

reduction power of Fe NPs because it competes electrons with chemicals that have a high 

oxidation state, such as halogenated compounds. Once NO3
− obtains electrons from the Fe 

surface, it reduces to NO2
− and NH4

+. NO3
− was almost transformed by Pd/Fe NPs and 

further reduced to NH4
+, in which approximately 72% and 63% of NO3

− transformation 

were measured in the presence of 5 mM and 10 mM NO3
−, respectively. The NO3

− 

transformation by Fe was also a corrosive process that caused more Fe (hydro)oxides to 

form a passive layer on the Fe surface. According to the XRD spectra, the specific peaks 

for zerovalent metals were almost completely disappeared and more peaks for Fe oxides 

were found as magnetite on the Pd/Fe surface in the presence of NO3
− (Figure 4-7). The 
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adsorption fraction (about 89%) of PCP was the highest among these anions while only 

approximately 10% of PCP was degraded in both concentrations. Since the electrochemical 

reduction of PCP is mediated in the range, −1.6 to −2.3V (Lin and Tseng, 1999; Ross et 

al., 1997), which is higher than the reduction potential of nitrate (0.88 V), the Pd/Fe surface 

reacts with the nitrate first and generates Fe (hydro)oxides. Therefore, the fast removal 

kinetics of PCP was mainly due to the adsorption or coagulation of PCP on these Fe oxides. 

This result suggested that nitrate did accelerate the removal rate of PCP by Fe NPs via 

adsorption.   

For HCO3
−, both the removal rate and the removal efficiency for PCP were significantly 

decreased in the same dispersion system (Figure 4-10). The degradation and the adsorption 

fractions were less than those for other anionic media and the control system (Figure 4-11). 

The presence of high concentration of Fe2+ in carbonate-bearing water formed ferrous 

carbonates, according to eq. 4-1. 

Fe2++ CO3
2− → FeCO3 (s) (4-1) 

In natural groundwater, ferrous carbonate (the solubility limit at room temperature and 

ionic strength I was 0 is reported to be in the range from 3.72 × 10−11 to 

9.33 × 10−12 mol2/L2 (Sun et al., 2009)) controls the concentration of Fe2+ at pH values 

below 10.5 in solution. Instead of FeHCO3+ and other carbonate complexes (Singer and 

Stumm, 1970). Therefore, Fe carbonate precipitates may block the reactive and attachment 

sites for PCP on the Pd/Fe surface. There was no significant peak for metal oxides on the 

Pd/Fe surface (Figure 4-7), suggesting the formation of sediments of amorphous Fe 

carbonate. These inner-sphere complexes form passivation layers that inhibit the  
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Figure 4-10. (a) The effect of anions on the removal of PCP by Pd/Fe NPs in the US/stirring 

system. (b) The relationship between the reaction rate constants and the anion 

concentrations. PCP initial concentration was 7.2 mg/L, Fe dosage was 4.5 g/L and Pd 

content was 0.1 wt%. US output intensity was 75 W during US irradiation. The error bar 

in Figure 4-10 represent the standard error of an average over duplicated batch experiments. 
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adsorption and degradation of PCP by Pd/Fe NPs (Agrawal et al., 2002; Phenrat et al., 

2007). The solution pH was also found to increase from 5.4 to 8.9 in the presence of 10 

mM HCO3
−. As the chemical reduction of polychlorinated aromatic compounds by NZVI 

favors acidic conditions (Shih et al., 2009), this high solution pH that buffered by hydrogen 

carbonate would also decrease the removal rate of PCP by Pd/Fe NPs. 

 

 
Figure 4-11. The PCP distribution after reacted with Pd/Fe NPs in the presence of anions 

under US/stirring system after 40 min. The data was collected from Figure 4-10a. 
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4.2 Well-suspended Fe NPs by the chemical dispersion method 

Unlike the physical dispersion methods mentioned previously, chemical additives, such 

as polyelectrolytes, can alter the surface properties of Fe NPs to prevent self-aggregation. 

The compositions of functional groups in polyelectrolytes have been proved that they can 

stabilize the Fe NPs in suspensions and silica columns under different conditions. For this 

reason, the investigation about the catalytic behavior of these polyelectrolyte stabilized Fe 

NPs is needed. In previous studies, CMC-stabilized Fe NPs has shown its ability to treat 

halogenated organic compounds effectively (He et al., 2010; He and Zhao, 2008; Joo and 

Zhao, 2008), therefore the reaction mechanism of CMC-Fe is going to be explored in this 

section, then to examine the influence of anions and ion strengths on the reactivity of CMC-

Fe.  

 

4.2.1 Characteristics of CMC-stabilized Fe NPs 

The morphology of the CMC-stabilized Fe was determined by TEM (Figure 4-12), in 

which the individual particles of the CMC-stabilized Fe NPs appear spherical. The particle 

size of CMC-Fe NPs was determined from TEM images using ImageJ. Based on the 

analysis of 43 particles, the mean size of CMC stabilized Fe NPs was found to be 

96.8±23.4 nm. There were many small unshaped NPs packed together on the Fe surface 

with a size of approximately 5-10 nm (see the small TEM image in Figure 4-12a). A similar 

phenomenon was also observed by Lin et al. (2010). The packing was likely the self-

assembling of amorphous primary Fe into spherical secondary Fe as a result of the excess 

CMC and Ostwald ripening (Lin et al., 2010; Zhong et al., 2006). The metal surfaces also 

reflected a CMC-coating artifact instead of amorphous Fe (see both TEM images in Figure 
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1b and c) (Lin et al., 2010). The Fe surface was negatively charged (−16.3 to −30.1 mV) 

when the pH ranged between 3.4 and 10 (Figure 4-13), explaining the stability of the CMC-

stabilized Fe NPs. The attached CMC stabilizer molecule provides a strong inter-particle 

electrostatic force and/or steric repulsion force to overcome the attractive van der Waals 

and magnetic forces between the particles (He and Zhao, 2005; 2008; He et al., 2007). 

Therefore, the CMC molecules reduce nanoparticle aggregation and maintain a great 

specific surface area of the finer NPs, which results in greater nanoparticle reactivity than 

for the nanoaggregates. 

The normalized Fe K-edge XANES results were analyzed for fresh bare Fe NPs and 

the CMC-stabilized Fe (Figure 4-14a). An obvious absorbance feature representing Fe0 

(7112-7115 eV) existed in both the fresh CMC-Fe0 and the CMC-Ni/Fe, and another broad 

feature between 7128 eV and 7134 eV for the CMC-stabilized Fe indicates the existence 

of Fe2+ and Fe3+. In general, the higher oxidation state of an element shifts to higher energy 

in the position of the XANES absorption edge. The Ni K-edge XANES spectra of the bare 

Ni/Fe and CMC-Ni/Fe were shown in Figure 4-14b. Pre-edge spectra at 8320-8350 eV for 

the nickel and a weak feature at 8333 eV (Ni0) of the bare Ni/Fe and CMC-Ni/Fe indicate 

that the reduction states of the Ni on the bare Ni/Fe and the CMC-Ni/Fe were not all 

zerovalent. Therefore, the spectra of the samples located between the reference spectra of 

Ni0 and Ni2+ indicated a partial reduction; some of Ni remained in the Ni2+ state. The 

XANES results summarize that the lab-synthesized CMC-Ni/Fe NPs contain partially 

metallic Fe0 and an amount of iron oxides when compared with bare Fe NPs. The oxidation 

state also showed Ni2+ reduced to Ni0 in the CMC-Ni/Fe, which was similar to the bare 

Ni/Fe. 
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Figure 4-12. TEM images and size distribution of CMC stabilized Fe NPs. The size 

distribution was calculated using ImageJ and OriginLab software (particle number=43). 

 
Figure 4-13. The zeta-potential of the CMC-Fe and CMC-Ni/Fe versus pH. 
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Figure 4-14. (a) Fe K-edge and (b) Ni K-edge of XANES spectra of the bare Fe NP and the 

CMC-stabilized Fe NPs. 
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4.2.2 The removal of DBDE by CMC-Ni/Fe NPs 

In our previous study (Lin, 2012), PCP cannot be removed by both CMC-Fe and CMC-

Ni/Fe due to the repulsing force between deprotonated PCP and CMC under the neutral pH 

condition (Figure S3). To examine the catalytic behavior of CMC-Fe toward halogenated 

organic compounds, DBDE was chosen as the target compound in this chapter.  

The removal of DBDE by both the CMC-Fe and the CMC-Ni/Fe NPs was observed 

in the beginning for approximately 60 minutes (Figure 4-15a). Without Ni doping, no 

degradation was found in the CMC-Fe. The DBDE removal efficiency was only 20%, 

which is primarily attributed to an adsorption process on the CMC-Fe surface (Figure 

4-15b). kobs of the DBDE was 0.042 min-1 by CMC-Fe0. Compared with our previous result, 

the CMC-Fe particles enhanced the reaction rate by approximately 7 times that of the bare 

NZVI (Shih and Tai, 2010). The properties of the CMC coating on the Fe surface could 

enhance the colloidal stability and also influence the attachment between the DBDE 

molecules and the Fe reactive sites. 

In contrast, the kobs value increased from 0.140 to 0.220 min-1 with an increase in the 

Ni loading from 0.5 to 5.0 wt% (Figure 4-16). The bromide cannot be measured by ion 

chromatography (IC) in the CMC systems because the high CMC concentration in this 

study would block the IC column and underestimate the debromination efficiency, so that 

the degradation efficiency was calculated from the difference between the removal and 

adsorption efficiencies. The DBDE degradation increased from 0.9% to 11% with an 

increase in the Ni loading from 0.5 to 5 wt% of in the CMC-Ni/Fe NPs (Figure 4-16). The 

degradation using Fe NPs proceeded through hydride transfer from Ni; whereas, the 

formation of a galvanic cell (Fe2+-Ni0) in the stored NPs generated hydroxyl radicals from 
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water in a non-Fenton reaction (Bokare et al., 2007). When the Ni catalyst was present on 

the CMC-Fe NPs, an approximating linear model of the kobs value with the Ni loading 

content from 0.1% to 1% was estimated; however, with the Ni loading in CMC-Fe NPs 

increased to 5.0%, the kobs value increased to a stable value (Figure 4-16). According to the 

Fe K-edge XANES spectra, the oxidation state of the aged CMC-Ni/Fe was higher than for 

the fresh one, indicating that the corrosion reaction occurred on the Fe surface even in the 

presence of the CMC coatings on the Fe surface (Figure 4-17). This result also confirmed 

that the electrons transferred from the Fe to the DBDE molecules, further decomposed the 

DBDE and formed less-brominated byproducts.  

 

4.2.3 The reaction mechanism of DBDE by CMC-Ni/Fe 

To understand the reaction mechanisms of the CMC-stabilized Fe NPs, the reaction 

was carried out under different temperatures and initial pH values. Figure 4-18a shows the 

effects of temperature on the removal kinetics of DBDE. The reaction temperature had a 

positive effect on the removal kinetics of DBDE. The calculated kobs values at 5, 25, and 

45 C were 0.046, 0.200 and 0.350 min−1, respectively. The results showed that the removal 

rate of DBDE increased with an increase in the temperature. This was caused by the high 

number of effective collisions of the DBDE molecules at the CMC-Ni/Fe NP surface at 

high temperatures. 

The activation energy (Ea) is determined by the Arrhenius equation (eq. 3-9) to describe 

the relationship between the rate constants and temperatures (Figure 4-18b), thus with the 

slope of −4533, the Ea was calculated as 37.7 kJ/mol. The effect of temperature on the 

reaction rate can be used to identify the rate-limiting step, which may involve a chemical 
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reaction on the surface or the physical diffusion of a reactant. In general, diffusion-

mediated reactions in solution require relatively low Ea (approximately 8-21 kJ/mol), 

whereas surface-mediated reactions require high Ea (>29 kJ/mol) (Brezonik, 1994). Thus, 

the Ea obtained in this study suggesting that a surface chemical reaction rather than a 

diffusion-mediated reaction was the rate-limiting step in the removal of DBDE. A similar 

result was also observed by Singh et al. (2012); the Ea for the removal of 

hexachlorocyclohexane by CMC-Pd/Fe was approximately 33.7 kJ/mol. Surfactants, such 

as CMC, not only enhance the colloidal stability but also alter the surface properties of the 

metal NPs and affect their interactions with contaminants by influencing the sorption and 

desorption processes (Kim et al., 2009; Phenrat et al., 2007; Tiraferri et al., 2008). The use 

of surfactants could enhance the water solubility of hydrophobic nonionic organic 

compounds by the successive micellization of the heterogeneous monomer species (Kile 

and Chiou, 1989). The diffusion process whereby the DBDE from a solution phase to the 

Fe surface may be induced by a CMC layer on the Fe surface. However, the CMC layer 

could also reduce the electron transfer from the surface to the target compound molecules 

(Phenrat et al., 2009). 

On the other hand, it is generally believed that the pH value could affect the behavior 

of CMC-stabilized Fe NPs. The removal efficiency and removal rate increased with an 

increase in the pH value (Figure 4-19a). The k values were 0.068, 0.098, and 0.160 min−1 

when the initial pH values of the reaction solutions were at 5, 8.5, and 10, respectively. 

Meanwhile, the average particle size (as z-average) of the CMC-Ni/Fe NPs that measured 

by DLS decreased from 175 nm to 85 nm with an increase in pH from 5 to 10 (Figure 

4-19b). Liu and Lowry (2006) noted that a decrease in the solution pH would increase the 
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H2 evolution and further produce Fe0 in the particles via a corrosion process. Our previous 

research shows a negative regression in the k values with the bare NZVI, accompanied by 

a small coefficient (Shih and Tai, 2010). It was a weak pH dependence in the DBDE 

removal by bare NZVI due to the rapid reaction kinetics on the bare Fe surface. In contrast, 

there was a complete positive correlation between the rate constants and the pH values, 

revealing that the influence of the pH value on the surfactant stabilized Fe NPs in the 

presence of CMC coatings on the Fe surface was oppositely correlated. The pHzpc of CMC 

is approximately 2.0 (Yan et al., 2011) and the pKa of CMC is in a range of 4.0 to 5.1 

(Girard et al., 2002; Guzenko et al., 2011). Changes in the pH can result in the dissociation 

of these carboxyl groups of CMC, thus the negative surface charge of the CMC-Ni/Fe 

increased when the pH increased (Figure 4-13). The conceptual scheme of the CMC-Fe 

NPs indicated that CMC was coated on the Fe surface with brush structures which can 

provide steric stabilization to prevent aggregates (Lin et al., 2010). The carboxyl groups of 

the CMC are protonated under acidic conditions, and reduce the colloidal stability. At a 

high pH value, the carboxyl groups are fully deprotonated, resulting in a smaller particle 

size. The same results were reported by Wang and Wang (2010). In addition, CMC was a 

stabilizing and efficient reducing agent in alkaline media (Abdel-Halim et al., 2010). The 

strong pH dependence of CMC was the most influential factor in the tendency of DBDE 

removal at various pH values, demonstrating the usefulness of CMC-Ni/Fe NPs in general 

neutral to alkaline conditions. 
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Figure 4-15. (a) The effect of the Ni loading on the removal of DBDE with the CMC-Ni/Fe 

and (b) the degradation, adsorption, and residual fractions of DBDE reacted with the CMC-

Ni/Fe. The initial concentration of DBDE was 10 mg/L, Fe dosage was 5.0 g/L, and CMC 

concentration was 4.2 g/L. The error bar in Figure 4-15 represent the standard error of an 

average over duplicated batch experiments. 
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Figure 4-16. The removal efficiency and the degradation efficiency of DBDE by the CMC-

stabilized Fe NPs with different Ni content. 

 
Figure 4-17. Fe K-edge of XANES spectra of the CMC-Ni/Fe. 
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Figure 4-18. (a) The effect of temperature on the degradation of DBDE by CMC-Ni/Fe. (b) 

The plot of ln kbos versus 1/T for the CMC-Ni/Fe. The initial concentration of DBDE was 

10 mg/L, Fe dosage was 5.0 g/L, Ni/Fe was 0.5 wt %, and CMC concentration was 4.2 g/L. 

The error bar in Figure 4-18 represent the standard error of an average over duplicated 

batch experiments. 
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Figure 4-19. (a) The effect of pH on the removal of DBDE by CMC-Ni/Fe. (b) The relation 

between kobs and the particle size under different pH conditions. The initial concentration 

of DBDE was 10 mg/L, Fe dosage was 5.0 g/L, Ni/Fe was 0.5 wt %, and CMC 

concentration was 4.2 g/L. The error bar in Figure 4-19 represent the standard error of an 

average over duplicated batch experiments. The average particle size (as z-average) was 

measured using DLS. 
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4.2.4 The effect of anion on the reactivity of CMC-Ni/Fe NPs 

Electrolytes commonly found in groundwater may affect the reactivity and lifetime of 

bare Fe NPs. For CMC-Ni/Fe NPs, the influence of three common anions, chloride (Cl−), 

nitrate (NO3
−), and bicarbonate (HCO3

−), with concentration of 1 to 10 mM on the removal 

of DBDE was shown in Figure 4-20. The DBDE removal efficiency ranged from 

approximately 81% to 92% when the Cl− concentration increased from 1 to 10 mM. The 

kobs values were approximately 0.200, 0.210, 0.250, and 0.260 min-1 when the Cl− 

concentrations were 0, 1, 5, and 10 mM, respectively, indicating that the removal rate and 

removal efficiency slightly increased in the presence of a high concentration of Cl− (5-10 

mM) (Figure 4-21). Compared with the pure water system (DBDE removal rate constant = 

0.20 min−1), 1 mM NO3
− hindered the DBDE reaction rate by approximately 1.8-fold. kobs 

increased from 0.110 to 0.320 min−1 with an increase in the NO3
− concentration from 1 to 

10 mM. The inhibition of the debromination of DBDE in the presence of NO3
− can occur 

as a result of the competition between NO3
− and DBDE. Once NO3

− is reduced by the 

CMC-Ni/Fe NPs, the generated Fe (hydro)oxides on the surface coagulate with the organic 

molecules (Tso and Shih, 2015), which contributes the removal of DBDE.  

The k values of DBDE were in the range of 0.180 to 0.200 min−1 in the presence of 1-

10 mM HCO3
−, revealing that HCO3

− seemed to have no effect on the reactivity of the 

CMC-Ni/Fe NPs toward DBDE. The influence of anions was possibly caused by the 

passive layers, which can block the active sites on the Fe surface where the electron transfer 

takes place (Agrawal et al., 2002; Bi et al., 2009; Larese-Casanova and Scherer, 2008). 

However, with the coating of CMC on the Fe surface, the CMC-Ni/Fe NPs seemed 

unaffected by anions with concentrations of 1-10 mM, with the exception of NO3
–. Cl– and 
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HCO3
–  did not appear to affect the DBDE removal by CMC-Ni/Fe significantly; whereas, 

a high NO3
− concentration slightly enhanced the reactivity of CMC-Ni/Fe in this research. 

XANES is also applied to explain the oxidation states of CMC-Ni/Fe in the presence of 

anions (Figure 4-22). The Fe K-edge XANES spectra show a shift with the presence of 10 

mM NO3
– as compare to the oxidation state of Fe in the 1 mM NO3

– system. The smallest 

value of Fe0 was shown on the CNC-Ni/Fe surface after reacting with NO3
– and produced 

an insubstantial peak for Fe oxides. No obvious shift was observed in the presence of Cl– 

and HCO3
–even at a high concentration of 10 mM. In addition, for Cl– and HCO3

–, there 

was no specific peak on the CMC-Ni/Fe surface in the XRD analysis (data not shown), 

indicating that the CMC coating not only provides colloidal stability but also prevent the 

passivation of Fe in the presence of anions. Nevertheless, the Fe K-edge of the CMC-Ni/Fe 

reacted with 10 mM anions reflected that most of the Fe0 was turned into Fe (hydro)oxides 

on the CMC-Ni/Fe after reacted with NO3
−.  
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Figure 4-20. The removal kinetics of DBDE with the CMC-Ni/Fe in the presence of (a) 

chloride, (b) nitrate, and (c) bicarbonate. The initial concentration of DBDE was 10 mg/L, 

Fe dosage was 5.0 g/L, Ni/Fe was 0.5 wt %, and CMC concentration was 4.2 g/L. The error 

bar in Figure 4-20 represent the standard error of an average over duplicated batch 

experiments. 

 
Figure 4-21. The reaction rate constants of DBDE by CMC-Ni/Fe in the presence of anions. 

The values of kobs obtained from fitting of the data in Figure 4-20. 
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Figure 4-22. Fe K-edge of XANES spectra of the CMC−Ni/Fe in the presence of (a) 1mM 

and (b) 10 mM of anions. 
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4.3 Comparison of physical and chemical dispersion methods 

The application of the physical dispersion methods that mentioned in chapter 4-1, can 

study the catalytic behavior of Fe NPs in nanoscale toward halogenated organic compounds 

under various conditions. The chemical additive, CMC, supported Fe NPs, however, could 

be appropriate for the in-situ soil remediation (as described in chapter 4-2). 

For bare Fe NPs, as large Fe NP aggregates became smaller, there was more surface 

area of the finer Fe NPs exposed for the reaction. Most of PCP was removed by well-

suspended Pd/Fe NPs via the adsorption process (Scheme 4-3.). The CMC layer suspended 

Fe NPs very well and dispersed particles into individual particle instead of nanoparticle 

aggregates. Approximately 20% of DBDE was removed by CMC-Fe in this study while no 

significant removal was observed using NZVI by Fang et al. (2011). Therefore, well-

suspended Fe NPs accelerate the adsorption rate on the Fe surface (Scheme 4-3.). With the 

coating of CMC on the Fe surface, the property of CMC layer could also enhance the 

solubility of organic contaminants on the stabilized Fe NPs but reduce the electron transfer 

from the surface on the other hand. 

The study also offers an opposite view to that indicated by the effect of pH value on 

the reactivity of CMC stabilized Fe NPs. For bare Fe NPs, lower pH generally accelerates 

Fe corrosion and prevents the Fe oxide or hydroxide from forming on the Fe surface. 

However, when the pH reaches a certain level, the extensive corrosion of bare Fe NPs will 

lead to an excess of H2 covering on the surface of Ni (Powell et al., 1995), and hindering 

the contact of DBDE with Ni/Fe NPs (Xie et al., 2014). A weak acid pH is more likely to 

promote the corrosion of Fe; at higher pH values, Fe NPs are apt to sediment and generate 

passive layers on the Fe surface, thus hindering the electronic transfer and the removal rate 
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would further decrease. For CMC-Ni/Fe NPs, the removal rate of DBDE increased with an 

increase in the initial pH values from pH 5 to 10, which resulted from that the pH-

dependent property of carboxyl groups in the CMC molecules. 

Electrolytes that are dissolved in the environment are an important influencing factor 

on the reactivity of Fe particles by (i) forming passive layers on the Fe surface (Agrawal et 

al., 2002; Kober et al., 2002) and (ii) decreasing the colloidal stability (Domingos et al., 

2009). Fe NPs were suspended successfully by both the ultrasonication and the CMC 

coating. For the well-dispersed bare Fe NPs, the effect anions seem influence the stability 

and reactivity of bare Fe NPs when increased anion concentration to 10 mM (Figure 4-23). 

Cl– only caused a small increasing in the removal kinetics; but NO3
– ions were reduced by 

Pd/Fe NPs and generated more Fe (hydro)oxides, which further enhanced the adsorption 

of PCP from water. HCO3
– significantly inhibited the removal of PCP because precipitates 

formed on the Fe surface and then blocked the adsorption and reaction sites. However, the 

removal rate of DBDE by CMC-Ni/Fe NPs did not change in the presence of anions with 

concentrations of 1-10 mM. CMC has been reported as a corrosion inhibitor (Khairou and 

El-Sayed, 2003; Umoren et al., 2010). Surfactants with their functional groups, formed 

complexes with metal ions and on the metal surface. These complexes occupy a large 

surface area, thereby coating the surface and protecting the metal from corrosive agents 

present in the solution. The CMC layers may hinder the attachment between anions and the 

Fe surface, thus in turn influencing the adsorption characteristics of the Fe surface, and 

also prolonging the reactivity of Fe NPs in the environment. This study verifies that the 

feasibility of using CMC-Ni/Fe NPs for the in-situ remediation.  
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Scheme 4-3. The reaction mechanisms of well-suspended Fe NPs in two dispersion systems. 

 

 
Figure 4-23. The particle size (as z-average) of Fe NPs and removal rate constant of target 

compounds in (a) the US/stirring system and (b) the CMC system. 
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4.4 The influence of organic ligands on the surface characteristics of ZVI 

It has been noted that the simple carboxylic acids can enhance the reaction rates of ZVI 

via the dissolution of passive layer on the Fe surface. However, the influence of the 

carboxylic acid on the reactivity of Fe particles remains unknown. Here, we propose a 

hypothesis that the carboxylic acid not only refresh the Fe surface, but also the formation 

of Fe-complexes adsorbed on the Fe surface via a dissolution can further interact with 

pollutants. Thus, the effect of carboxylic acids with one to three carboxylic groups on the 

dechlorination of PCP by NZVI is investigated. The findings can be applied further to 

forecast and predict the results of sequential treatment with iron oxides in the presence of 

ligands. 

Our previous study (Ou, 2012) pointed out that the reduction of PCP by NZVI did not 

occur in the absence of organic ligands (Figure S4). The removal rate of PCP by NZVI 

enhanced in the following order: oxalic acid (1.50 h-1) > citric acid (0.49 h-1) > ≅ pure 

water. However, the reaction mechanism for ligands on the removal of PCP by NZVI is 

more complicated due to the characteristics of PCP varying with solution pH, and particle 

size may play an important role to affect the behavior of Fe NPs. Furthermore, due to the 

low reactivity of micro-scale ZVI or NZVI for PCP, TCE was chosen as the target 

contaminant in this study. In the following, micro-scale ZVI was applied to investigate the 

effect of carboxylic ligands on the removal of TCE. 

 

4.4.1 The effect of ligand acids on the removal of TCE by ZVI 

An equal molarity of 30 mM carboxylic groups (-COOH) for each carboxylic ligand, 

i.e. 30 mM FA, 15 mM OA and 10 mM CA, was applied for assessing the effect of 
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carboxylic ligand on the removal of TCE by ZVI. The effect of 30 mM HCl also resulted 

from an effort to mimic the proton-dissolution process. The reactions were proceeding with 

pH higher than the pka values of carboxylic ligands so that ligands were deprotonated 

completely (Table 4-1). TCE concentration did not change by carboxylic ligands in blank 

systems, indicating these organic ligands have no ability to remove TCE in this study 

(Figure 4-24). Approximately 44% of TCE was removed by acid-washing ZVI in 48 hr 

with kobs of 0.083 hr−1 in the control system (Figure 4-25 and Table 4-1). The TCE removal 

efficiencies in this study was higher than what was reported in reference at pH 6-7 

conditions (Chen et al., 2001). A higher kobs (0.106 hr−1) was observed in the 30 mM HCl 

system with 69.0% of the TCE removal efficiency. In addition, 30 mM HCl induced a 

significant decrease in the TCE adsorption from 14.8% to 5.1% on the ZVI surface, which 

in turn increased the TCE degradation efficiency. Therefore, the acid-wash process and 30 

mM HCl enhanced the reactivity of ZVI toward TCE. 

In the presence of 30 mM carboxylic groups, the removal rates of TCE by ZVI 

increased in the order of 10 mM CA (enhancement factor: 0.93) ≅ control (1.00) < 30 mM 

HCl (1.28) < 15 mM OA (1.42) ≅ 30 mM FA (1.48) (Table 4-1 and Figure 4-26). FA and 

OA increase the dechlorination efficiency from 29.1% to 46.9% and 61.6% respectively, 

as compared with the control system. While only 20.2% of TCE was dechlorinated by ZVI 

in the presence of CA. The reactivity of ZVI increased with a decrease in carboxylic groups 

in ligand molecules. Similar results were also noted by Su and Puls (2004).  

The reactivity of ZVI was also influenced by the carboxylic concentration. In Figure 

4-27, the TCE removal rate increased with an increase in the concentration of FA and CA. 

kobs increased approximately 1.6-times when the carboxylic (-COOH) concentration in FA 
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molecules increased 2-times. A same result was observed in the CA system, kobs values 

increased approximately 2.8-times when the concentration in CA molecules increasing 2.2-

times. Although the final pH in the 30 mM CA system was pH 5.36 that was smaller than 

its pka3 value. Under this condition the CA molecular contains only first and second 

−COOH virtually complete protonolyses. However, an opposite tendency was found in the 

OA system. The kobs decreased roughly 4.3-times when OA increased from 15 mM to 30 

mM, i.e. OA could induce a dramatically decrease on the reactivity of ZVI in the presence 

of high concentration of OA. 

 

Table 4-1. The removal of TCE by MZVI with ligands. 

# System  COOH/H+ (mM) Finial pH kobs (hr−1) 

1 Control (pure water) 0 6.70 0.083 

2 30 mM HCl 30.00 6.84 0.106 

3 30 mM FA 29.79 5.84 0.122 

4 15 mM FA 14.86 6.74 0.076 

5 30 mM OA 59.89 6.47 0.026 

6 15 mM OA 29.94 6.46 0.118 

7 30 mMCA 56.35 5.36 0.215 

8 10 mM CA 25.58 6.53 0.077 

 

 
Figure 4-24. The removal kinetics of TCE with carboxylic acid.  
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Figure 4-25. (a) The reduction kinetics of TCE by ZVI in the presence of 30 mM of 

carboxylic molarity of ligands. (b) TCE distribution with ZVI in the presence of ligands. 

ZVI dosage was 20 g/L and TCE initial concentration was 4.57 μM. The error bar in Figure 

4-25 represent the standard error of an average over triplicated batch experiments. 
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Figure 4-26. Effect of carboxylic acids on the degradation of TCE with ZVI. ZVI dosage 

was 20 g/L and TCE initial concentration was 4.57 μM. The error bar in Figure 4-26 

represent the standard error of an average over triplicated batch experiments. 

 

 
Figure 4-27. The relation between the carboxylic concentration and kobs. The values of kobs 

obtained from fitting of the data in Figure 4-26. 
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4.4.2 Characteristics of ZVI surface in the presence of ligand acids 

The TCE adsorption efficiencies on the ZVI surface were respectively 10.2% and 

10.9% in the presence of OA and CA, which were lower than that in the control system 

(14.8%) (Figure 4-25b). In the contrary, FA induced an increase in the TCE adsorption to 

22.8%. The fresh ZVI surface was identified as a nearly pure Fe sample via XRD analysis 

(Figure 4-28). Magnetite (Fe+
2Fe2+

3O4) was the main Fe oxide generated on the surface of 

aged ZVI in both the absence and the presence of ligands. Special peaks of Fe0 reduced in 

the presence of FA, indicating a strong corrosion occurred on the ZVI surface. Both Fe0 

and Fe oxides were measured on the ZVI surface in the presence of OA. A different 

phenomenon occurred in the CA system, where the most intense peaks were Fe0 with 

insignificant signal of Fe oxides that were found on the ZVI surface. 

From SEM analysis (Figure 4-29), fresh ZVI particles have a smooth surface as 

compared with that in the presence of carboxylic ligands. In the presence of FA, ZVI 

surface was composed of a layer substructure. On these layer-like particle surfaces also 

observed the substructure of smaller particles, i.e. ZVI particles were made up of many, 

much smaller particles with size of about 200 nm, which could precipitated by Fe oxides 

(Ristić et al., 2006; Štajdohar et al., 2013). These small particles as Fe oxides were 

confirmed by XRD spectra, which covered on the ZVI surface and further contribute a 

higher TCE adsorption.  

In the presence of OA, lots pit corroded sites were observed on the ZVI surface, 

revealing the formation of Fe oxides built of porous iron shell. For the CA system, it can 

be seen that a flake of the flower-like structure has been found on the ZVI surface and form 

a porous iron shell. The flower-like structure was also observed on the surface of Fe 
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(hydro)oxides, including α-FeOOH and α-Fe2O3 (Cao et al., 2012; Han et al., 2011; Li et 

al., 2011), which might compose of hundreds of small petals, making the surface of the 

overall structure uniform than that in other treatments. Therefore, the passive layers that 

formed on the ZVI surface in the presence of FA may further coagulate with TCE (Shih 

and Tai, 2010; Tso and Shih, 2015), then enhanced the adsorption efficiency. Both OA and 

CA, by contrast, induced a decrease in the TCE adsorption. Inorganic ligand (i.e. HCl in 

this study) changed the conformation of Fe oxides on the ZVI surface from magnetite and 

maghemite to the fresher Fe, explaining the decrease in TCE adsorption on the ZVI surface.  

 

4.4.3 Fe dissolution process in the presence of ligand acids 

The Fe dissolution kinetic followed a nonlinear process, the increase of Fe2+/Fe 

complexes diminishes over time and eventually levels out to a plateau concentration 

(Figure 4-30 and Figure 4-31). ZVI dissolution was approximately 3.71 mmol/m2 in 23 

hours in the presence of 30 mM HCl. Both an acid-wash process and 30 mM HCl induce 

the reactivity of ZVI by removing Fe oxides from the ZVI surface, then leaving a fresh 

amorphous Fe hydroxide film that is more reactive (Johnson et al., 1996), which was in 

agreement with the result on XRD analysis. 

The Fe dissolution with 30 mM FA reached an equivalent level in 4 hours was 7.17 

mmol/m2, then gradually slows down the dissolution process (Figure 4-30). The final Fe2+ 

concentration was 8.06 mmol/m2 after 22.5 hours. The dissolved Fe2+/Fe complexes was 

2.04 mmol/m2 in the presence of 10 mM CA. However, with 15 mM OA, only 0.21 

mmol/m2 of dissolved Fe2+/Fe complexes released from the ZVI surface in 2 hours, and the 

value decreased with time until only 0.03 mmol/m2 had been detected after 20.5 hous 
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(Figure 4-31). The dissolution rate was decreased in the order of 30 mM FA > 30 mM HCl 

> 10 mM CA > 15 mM OA (Figure 4-30). Carboxylic ligands, such as oxalate and citrate, 

can be consumed by forming inner-sphere surface complexes between Fe2+/Fe3+ and the 

adsorbed ligands at the Fe surface. The stability constants, log KFe
2+

-L and log KFe
3+

-L, 

express the strengths of the main soluble ligand-complexes increases as the number 

carboxylic groups in each ligand molecule increases (Martell and Smith, 1974), while no 

stability constant value for the Fe2+-FA complex was reported.  

The Fe dissolution rate increased with ligand concentration excepted the OA sets 

(Figure 4-31). Although oxalate has strong complex ability to Fe2+/Fe3+ and forming 

chelates, ferrous/ferric oxalate themselves are only slightly soluble in water (Koene et al., 

2006). As a result of this very low solubility the dissolution of Fe was followed by 

precipitation as yellow-white ferrous/ferric oxalate with poor crustal structure on the ZVI 

surface (Figure 4-32). Also, the ligand-metal complexes from a strongly absorbing ligand 

that are released to solution may quickly re-adsorb or precipitate back onto the metal 

surface, forming a species different from the precursor complex for dissolution or insoluble 

Fe oxides (Hamer et al., 2003; Wang and Stone, 2008). These precipitates of Fe oxalates 

on the ZVI surface further inhibited the active sites for TCE reduction with high 

concentration of OA. 

There was a linear relation (R2 was 0.777) between the kobs of TCE and the Fe 

dissolution, indicating that the reactivity of ZVI was related to their dissolved Fe oxides 

from the ZVI surface via proton- and ligand-promoted processes (Figure 4-33). However, 

in the OA system (15 mM) and the CA system (30 mM), there was an exception that both 

systems show a high TCE removal rate but with lower Fe dissolution as compared with 
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other systems. For 30 mM CA, the final pH of the system was lower than other systems 

that may influence the reactivity of ZVI. In the presence of 15 Mm OA, those oxalate not 

only remove the passive layers on the ZVI surface via the complex process, but the 

formation of Fe-oxalate complexes probably have abilities to degrade TCE themselves; 

then in the end most of dissolved Fe2+/Fe complexes precipitated onto the ZVI surface.  

 
Figure 4-28. XRD spectra of (a) fresh ZVI, (b) aged ZVI, ZVI in the presence of (c) FA, 

(d) OA, and (e) CA. In spextra, (Fe) represents as iron and (M) represents as magnetite. 
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Figure 4-29. SEM images of the surface morphology of ZVI in (a) pure water and in the 

presence of (b) FA, (c) OA, and (d) CA.  
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Figure 4-30. Fe dissolution in the presence of 30 mM of carboxylic molarity of ligands. 

ZVI dosage was 20 g/L and TCE initial concentration was 4.57 μM. 

 

 
Figure 4-31. Fe dissolution in the presence of different concentrations of (a) FA, (b) OA, 

and (c) CA. ZVI dosage was 20 g/L and TCE initial concentration was 4.57 μM. 

 

 
Figure 4-32. Images of ZVI in the presence of carboxylic ligands.  



doi:10.6342/NTU201600898

 

103 

 

 
Figure 4-33. The relation between TCE reaction rate constant and Fe dissolution 

concentration. 

 

4.4.4 The effect of ligand-Fe complexes on the reactivity of ZVI 

Fe type and distribution were estimated using Visual MINTEQ (Table 4-2). With FA, 

the main species of dissolved Fe was Fe2+ (over 99%) because of the almost no complex 

ability with Fe2+. In the presence of OA, the dissolution process occurred at the beginning 

and then the dissolved Fe reduced to only 0.03-0.05 mmol/m2 after 2 hours with the 

concentration of OA in a range of 15-30 mM (Figure 4-31b). This phenomenon would be 

due to the precipitation of Fe complexes, which may re-adsorb back on the ZVI surface. 

The predicted complexes of Fe2+-ligand were Fe-oxalate followed a minor species Fe-

oxalate2
2- according to its stability constant and reaction conditions. With CA, the dissolved 

Fe species was mainly in a form of Fe-citrate− then followed FeH-citrate. The standard 

reduction potentials (Eh
0) of Fe2+-oxalate, Fe2+-oxalate2

2-, and Fe2+-citrate1- are respectively 

0.47, 0.21, and 0.37 V (Thamdrup, 2000), which were greater than the Eh
0 values for TCE 



doi:10.6342/NTU201600898

 

104 

 

(0.55-0.53 V) (Dolfing et al., 2006). Fe2+-oxalate2
2- even have the ability to reduce 

dichloroethylene (DCE) and vinyl chloride (VC) theoretically (Scheme 4-4). 

To study the reactivity of those Fe complexes, the removal efficiency of TCE by Fe2+ 

in the presence of carboxylic ligands with the same carboxyl molar concentration was 

shown in Figure 4-34. TCE was removed for approximately 25% of by 40 mM Fe2+ in the 

presence of 15 mM OA after 16.5 hours while no obviously change in the FA and the CA 

systems. This result suggested that the formation of Fe-oxalate complexes such as Fe2+-

oxalate (31.9%) and Fe2+-oxalate2
2- (1.9%) have an ability to degrade TCE and byproducts. 

Therefore, TCE could be degraded effectively by ZVI in the presence of OA than CA and 

FA that can be partially considered as the interaction of ligands with the implication of 

dissolved Fe2+-complexes in-situ.  

The ZVI corrosion released Fe2+ that subsequently precipitated as mixed-valent phases 

such as magnetite, siderite, or green rust under anaerobic conditions. Carboxylic ligands, 

such as oxalate and citrate, adsorbed to the Fe oxides on the ZVI surface through a ligand 

exchange reaction and slowly formed Fe-ligand complexes, and then detached from the 

ZVI surface into solution (Furrer and Stumm, 1986; Reichard et al., 2007). Those Fe oxides 

such as magnetite and maghemite may induce an increase on TCE adsorption, further 

reduce it to DCE and VC via the electron transfer although both magnetite/Fe2+ and 

Fe2+/Fe0 are theoretically capable to reducing TCE to ethylene (Scheme 4-4). HCl offers 

proton to disrupt the adherent magnetite film on the ZVI surface through a proton-promoted 

dissolution process (Sun et al., 2011), which exposed more reactive sites on the fresh ZVI 

surface, and then enhanced the reduction of TCE through a directly electron transfer from 

fresh reactive sites. Carboxylic ligands that without complex ability with Fe2+ like FA, 



doi:10.6342/NTU201600898

 

105 

 

would offer proton to promote the dissolution of passive layers on ZVI surface. For 

carboxylic ligands with strong stability constants, such as OA and CA, would remove 

passive layers on the ZVI surface via the formation of Fe-ligand complexes. For one thing, 

the ligand-promoted dissolution increased the fresh reactive sites on the ZVI surface and 

enhanced the reactivity of ZVI. Besides, these Fe-ligand complexes have ability to further 

degrade TCE depend on their complex forms and the reaction conditions. Those dissolved 

Fe may also precipitate back onto the ZVI surface as amorphous Fe oxides that may 

gradually inhibit the reactivity of ZVI (Scheme 4-5).  

 

Table 4-2. Fe type and distribution in the presence of ligands predicted by Visual MINTEQ. 

Batch Species Distribution (%) Concentration (mM) 

30 mM HCl Fe2+ 99.9 12.61 

15 mM FA Fe2+ 99.8 5.99 

30 mM FA Fe2+ 99.9 24.4 

10 mM CA Fe2+ 0.24 0.02 

 Fe-citrate− 99.2 6.45 

 FeH-citrate 0.48 0.03 

30 mM CA Fe2+ 0.37 0.04 

 Fe-citrate− 93.3 10.1 

 FeH-citrate 6.31 0.68 

 

 
Scheme 4-4. The redox potential of Fe2+/Fe3+ in different type of Fe. 
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Figure 4-34. The removal efficiency of TCE by Fe2+-ligand complexes after reaction for 

16.5 hours. TCE concentration was 4.57 μM, Fe2+ initial concentration was 40 mM, and 

final pH was bout pH 5.   

 

 
Scheme 4-5. The diagram of the reaction mechanism of TCE by ZVI in the presence of 

carboxylic ligands. 
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4.5 The reactivity and transformation of HA-Fe complexes  

4.5.1 Reduction of RB5 in HA control systems 

In the UHA system, no reduction of RB5 occurred under any of the three pH conditions 

(Figure 4-35). By contrast, RHA reduced approximately 40% of RB5 within 6 days under 

the three pH conditions displaying similar removal kinetics. Azo-dyes show an irreversible 

reduction peak in a range of −0.13 to −0.48 V vs. NHE which was associated with 

irreversible redox reactions leading to cleavage of the azo bonds (Zille et al., 2004). There 

were more redox couples shown in the voltammograms with increasing numbers of azo 

bonds, which can be attributed to the sequential reduction of the azo groups (Mezohegyi et 

al., 2009; Zille et al., 2004). According to Mezohegyi et al. (2009), the first azo bond in 

RB5 requires mild anaerobic conditions for reduction. For hydrolysed RB5 with a monoazo 

bond, a reduced product, the reduction potential of the second azo bond would be −257 

mV (Mezohegyi et al., 2009). At all three pH conditions, the Eh value increased to 276-

310 mV immediately after mixing with RB5, whereas the initial Eh values of RHA might 

be strong enough to break the first azo bond (Figure 4-36). Although Leonardite HA 

contained a significant amount of reduced moieties with significant reducing capacity, 

UHA showed no ability to reduce RB5 in this study. The reducing capacities of RHA on 

the contrary was higher than that of UHA (Kappler and Haderlein, 2003).  

The RB5 parent compound shows two main characteristic absorption bands, one in the 

UV region (310 nm) and the other in the visible region (596 nm). The UV band is 

characteristic of two adjacent rings, whereas the visible band represents the long 

conjugated π system linked by two azo groups (Lucas and Peres, 2006). When RB5 was 

mixed with HA, only the visible band was clearly observed without any interference by 
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HA (Figure 4-37). From the UV-vis full scans of RB5, the peak shows a blue-shift when 

pH was increased from 5 to 9, suggesting a structural change in the RB5 molecules in 

neutral and alkaline conditions. No peak shift was measured in the UHA system compared 

with the RHA system under all three pH conditions. As RB5/HA ratios varied by a factor 

of 0.036-0.200 among reaction sets, it was expected that RHA could supply sufficient 

electrons to reduce the molecular structure of RB5. However, RB5 reduction efficiency did 

not change consistently with HA concentration (Figure 4-38). It was possible that there 

was absorbance overlap of the main RB5 compound and RB5 (hydro)byproducts which 

caused an underestimation of the reduction efficiency.  

 

 

 
 

Figure 4-35. The removal kinetics of RB5 in (a) UHA and (b) RHA systems. HA 

concentration was 31.25 mg/L and RB5 initial concertation was about 6.3 mg/L. 

Background buffers were 100 mM of acetate, HEPES and Tris buffer at pH 5, 7 and 9, 

respectively. The error bars in the Figures represent the standard error of an average over 

triplicated batch experiments. 
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Figure 4-36. The Eh values in Fe2+, UHA, RHA, UHA-Fe, and RHA-Fe systems. HA concentration was 31.25 mg/L, Fe2+ concentration 

was 1.6 mmol/g HA (50 μM) and RB5 initial concertation was 6.3 mg/L. Background buffers were 100 mM of acetate, HEPES and Tris 

buffer at pH 5, 7 and 9, respectively. 
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Figure 4-37. The UV-vis full scan spectra of RB5 after reactions in HA and HA-Fe systems 

for 6 days. The peak marks were calculated using OriginLab software. Peaks were 

quantified by fitting the peak center from the selected range of the data plot after 

subtracting the baseline of HA or HA-Fe. 
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Figure 4-38. Effect of RB5/HA ratio on the removal of RB5 by RHA at pH 7. RB5 removal 

efficiency was observed after reacting for 6 days. The RB5 removal efficiency increased 

with a decrease in the RB5/HA ratio. When the RB5/HA ratio decreased to 0.036 (red dot), 

RB5 removal efficiency also decreased, which might be caused by the interference of high 

HA concentrations to low concentrations of RB5. 

 

4.5.2 Reduction of RB5 in Fe2+ systems 

A rapid reduction of RB5 was observed at the pH 9 condition in the Fe2+ system with 

a degradation efficiency of approximately 80% while no obvious removal of RB5 was 

found at pH 5 and 7 (Figure 4-39). Fe distributions showed that the amount of Fe3+ and Fe 

colloids were increased with an increase in pH (Figure 4-40). After 2.7 days, 94.7% of the 

dissolved Fe2+ oxidized/precipitated at pH 9, but no Fe2+ oxidation was observed under the 

other conditions. The oxidation of Fe2+ suggests that electrons were transferred to RB5 

molecules and then caused the degradation. 

Here the concentration of dissolved Fe2+ was independent of the redox potential of the 

system, but dependent on pH. For 50 µM of Fe2+ in equilibrium, Fe(OH)2 precipitates as 
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the system pH increased to pH 8.6 (Figure 4-41). Therefore, 30.9 µmmol/L of Fe2+ 

precipitated as Fe(OH)2 at pH 9 (Figure 4-40). Fe(OH)2 is thermodynamically unstable and 

will decomposed to magnetite, which possibly caused the observed reactivity (Jeong et al., 

2011). 

However, the precise mechanism of reduction in the Fe2+ system cannot be determined 

from the collected data. It was assumed that RB5 accepts electrons from the Fe2+/Fe3+ redox 

pair to decompose azo-bonds, when Fe2+ oxidized to Fe3+, it would release both electron 

and hydrogen, overall the reduction reaction was pH-dependent. As we were limited by 

our data set in providing a more detailed mechanistic interpretation of these reactions, we 

performed the Fe2+ system as control experiments for comparison with HA-Fe systems. 

 

 
Figure 4-39. The degradation kinetics of RB5 in the Fe2+ systems. Fe2+ concentration was 

50 μM and RB5 initial concertation was 6.3 mg/L. Background buffers were 100 mM of 

acetate, HEPES and Tris buffer at pH 5, 7 and 9, respectively. The error bars in this Figure 

represents the standard error of an average over triplicated batch experiments. 
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Figure 4-40. Fe species distribution in the Fe2+ systems at different pHs. Fe species include 

Fe2+, Fe3+, Fe colloids, and total Fe.  
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Figure 4-41. Fe distribution predicted by Visual MINTEQ 3.0 software. (a) Fe2+ control 

system. (b) SHM and (c) NICA models for HA-Fe systems. The parameter sets for Fe 

precipitation and complexation were as follows: Fe2+ and SO4
2− concentration were 50 µM, 

DOM concentration was 18.6 mg/L (HA). 

 

4.5.3 Reduction of RB5 in HA-Fe system 

RB5 reduction in UHA-Fe reactions was slower as compared to RHA-Fe and Fe2+ 

control systems (Figure 4-42). Comparison between the both HA-Fe reactions can only be 

made within the same reaction set as reduction potential and colloid formation within the 

solutions may vary between reaction sets. For RHA-Fe systems, approximately 48% of 

RB5 was reduced under the pH 9 condition after 6 days, which required approximately 
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24.3 µmmol/L electrons supplied from the Fe2+/Fe3+ pair and RHA-Fe. The Fe distribution 

indicated that Fe3+ in the medium increased to 23.0 µmmol/L (about 38.2% of total Fe), 

which is in very good agreement with the data on RB5 reduction (Figure 4-43). 

Complexation certainly changes the redox potential of the element which means that a 

strong complex can stabilize the bound ion against redox transformation. For HA, Fe3+ 

complexation is much stronger than Fe2+ complexation. As compared with the Fe2+ system, 

the Eh was lower at the beginning in the RHA-Fe system, suggesting that RHA was reduced 

to a higher electron availability that the Fe2+ corresponds to (Figure 4-36).  

Both UHA-Fe and RHA-Fe reduced RB5 under the pH 9 conditions (Figure 4-42). 

There was a positive relationship between pH and RB5 reduction efficiency (Figure 4-44). 

As compared with HA system and Fe2+ control system, HA-Fe sets show a pH dependence 

similar to the Fe2+ control system, while no obvious tendency could be found in the HA 

systems. On the other hand, the reduction potential indicated that the Eh values increased 

from −200 mV to 400 mV in 1 day at the pH 9 condition in the RHA-Fe system, a similar 

result could be found in the pH 9 condition of the UHA-Fe system (Figure 4-36). Therefore, 

HA-Fe complexes and Fe colloids were likely the main reason for RB5 degradation. 

However, Fe2+ might compete with RB5 for the electrons supplied by RHA in the RHA-

Fe systems as compared to the RHA and the Fe2+ systems. In the other hand, a slower 

reduction rate for RB5 in the RHA-Fe reaction may result from inhibition of Fe colloid 

formation by RHA, limited availability of reactive ligands in HA molecules, re-reduction 

of Fe3+ to Fe2+, or a combination of these effects. Fe distribution also indicated that in the 

presence of Fe2+, HA decreased the Fe precipitation but increased the Fe2+ oxidation in 

both RHA and UHA systems (Figure 4-45). Both SHM and NICA models show that most 



doi:10.6342/NTU201600898

Graduate Student Study Abroad Program at ETH 

 

116 

 

of Fe2+ forms complexes with HA and Fe2+ precipitates as Fe(OH)2 at pH 8.9-9.0 as 

suggested by SHM model calculations. The binding ability between HA and Fe is likely 

dependent on the structural features of HA. According to the hard and soft acid−base 

(HSAB) theory, Fe2+ is classified as a borderline acid, which would have an affinity for 

both hard bases (e.g., carboxylic acids, phenolic hydroxyl groups and aliphatic amines) and 

soft bases (e.g., thiol and carbonyl groups, p-electrons from aromatic rings and olefins). 

Yamamoto et al. (2010) noted that the bonding constant, Kb, of HA with Fe2+ was 

approximately 5.8, larger than that of fulvic acid (FA), which may be attributed to the 

presence of strong binding sites, such as nitrogen- and sulfur- containing ligands in HA. 

Hakala et al. (2007) suspected that complexation of Fe3+ with HA interfered with the 

formation of Fe oxide colloids. Pullin and Cabaniss (2003) also reported that the kinetics 

of Fe colloid formation in solutions containing Fe2+ and FA was slower than in solutions 

without FA. In addition, ligands in HA such as quinone/hydroquinone redox couples have 

reduction potentials that are capable of reducing Fe3+.  

 

 

4.5.4 The reduction mechanism of HA-Fe 

In the RHA-Fe system, the absorbance peak shows an obvious blue shift to 

approximately 555 nm after 6 days in the pH 9 condition, the same result was also observed 

in the Fe2+ control system (Figure 4-37). A shift in visible absorbance is an indication of a 

structural change in the RB5 molecules which leads to a change in its color. Azo dyes can 

be reduced by two or four electrons to produce usually colorless hydro-azocompounds or 

amines, respectively. In the case of diazo dyes the reduction of the azo bonds occur 

consecutively (Zille et al., 2004). As expected, the height of the absorbance peak at 596 
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nm decreased accompanied by a blue shift, suggesting a cleavage of one azo-bond in RB5 

molecules in RHA-Fe system at the pH 9 condition.  

The reduction in RHA-Fe systems may be regulated by both solution phase and solid 

phase pathways in which HA-Fe complexes/Fe colloids are the primary reductants, 

whereby the reductive capacity of Fe2+ is decreased by complexation with functional 

groups present within the HA molecules. The reduction byproducts were identified as 2,2’-

disulfonyl azobenzene or 1,2,7-triamino-8-hydroxynaphthalene (TAHNDS) and 2-(4-

aminobezenesulphonyl)ethanol (p-base) via biological treatments under an anaerobic 

conditions (Bonakdarpour et al., 2011; Libra et al., 2004; Sugano et al., 2009; Wang et al., 

2008). However, due to the no identification of byproduct analysis, here we were unable 

to identify the precise reaction pathway. We can only propose that a different mechanism 

is responsible for the rate-limiting step in RHA-Fe reactions.  
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Figure 4-42. The removal kinetics of RB5 in (a) UHA-Fe and (b) RHA-Fe system. HA 

concentration was 31.25 mg/L, Fe2+ concentration was 1.6 mmol/g HA (50 μM), and RB5 

initial concertation was about 6.3 mg/L. Background solutions were 100 mM of acetate, 

HEPES and Tris buffers at pH 5, 7 and 9, respectively. The error bars in these Figures 

represent the standard error of an average over triplicated batch experiments. 
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Figure 4-43. Fe species distribution in the two HA-Fe systems under different pH 

conditions. Fe species include Fe2+, Fe3+, Fe colloids, and total Fe.  
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Figure 4-44. The relationship between pH and RB5 removal efficiency. RB5 removal 

efficiency in the Figure presents an average between day 4 and day 6. 

 

 

 
Figure 4-45. The relationship between Fe oxidation/precipitation and RB5 removal 

efficiency. RB5 removal efficiency in the Figure presents an average between day 4 and 

day 6. 
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4.6  The formation and reactivity of metal colloids in the presence of HA 

HA was expected to influence the Fe distribution via complexation under different pH 

and redox conditions. According to the previous section, HA would have an ability to alter 

the reactivity of Fe2+ toward an organic azo dye, RB5. In this section, the study focused on 

the transformation and reactivity of HA co-precipitated metals, Fe2+ and Cu2+. 

In the pretest, Fe colloids formed in 24 hours in the presence of either UHA or RHA 

were not spherical nor shaped, these colloids aggregated into chain-like or larger 

agglomerates (Figure 4-46). The presence of Cu colloids exhibited a monodispersed with 

size of 45.5±7.9 nm with RHA; while in the presence of UHA, Cu colloids had been seen 

of polydispersion colloids in a range of 10 nm to 50 nm (Figure 4-47). RB5 was used as a 

target compound to examine the reactivity of these HA co-precipitated metals, as shown in 

Figure 4-48. RB5 was removed within 44 days by both Cu and Fe colloids in the presence 

of UHA; however, no removal was found for HA only. The removal efficiency was 

approximately 80% by Cu colloids within 22 hours while 50% of RB5 removal was 

observed by Fe colloids with similar metal/HA ratio of 6.8 × 102 mol/kg (i.e. the 

concentrations of HA and metal ions were 20 mg/L and 10 g/L, respectively). As increased 

the HA concentration to 60 mg/L, RB5 removal rate was slightly increased but with a 

similar removal efficiency (approximately 80%). To understand the formation process and 

the reaction mechanism of these small and well-distributed metal colloids, the following 

experiments were designed to use Cu2+ as a precursor to analyse the property of HA co-

precipitated Cu colloids. 
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Figure 4-46. TEM images of Fe colloids in the presence of UHA and RHA. HA 

concnetrioant was 20 mg/L and Fe2+ concentraiton was 10 g/L. 

 

 

Figure 4-47. TEM images of Cu colloids in the presence of UHA and RHA. HA 

concnetrioant was 20 mg/L and Cu2+ concentraiton was 10 g/L. 

 

Figure 4-48. Removal of RB5 by metal ions in the presence of HA. RB5 initial 

concentration was 50 mg/L. HA concentrations were 20 and 60 mg/L. Concentration of 

Fe2+ and Cu2+ was 10 g/L. 
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4.6.1. The formation of Cu colloids in the absence and in the presence of HA 

All the experiments were performed in the glovebox to mimic an anoxic condition, in 

which the oxygen content of these systems should be lower than 0.1 ppm. The species of 

Cu vary with different factors such as pH, oxygen content and redox level. The Cu 

speciation was predicted by Visual MINTEQ under different conditions, as shown in 

Figure 4-49. In the absence of HA, almost 100% of Cu2+ precipitated as pH higher than 

6.5, and the Cu species was transformed from brochantite (Cu4SO4(OH)6) into tenorite 

(CuO, ksp=2×10−19 ) at pH 6.7 according to the MINTEQ database.  

At a ratio of 6.4 mmolCu
2+/gHA, HA enhanced the Cu dissolution from DOM bonded Cu 

complexes. The presence of HA enhanced the Cu dissolution from DOM bonded Cu 

complexes and also induced a slight change in conversion point of Cu minerals from pH 

6.7 shift to 6.6 (Figure 4-49). As adding the precursor Cu2+ into UHA, the pH decreased 

from pH 9.8 to pH 8.9 with an increase of Eh from 150 mV to 247 mV (Figure 4-50a). The 

presence of UHA altered the pH and the Eh with time, influencing the type of Cu 

precipitates. There was 26% of dissolved Cu, including inorganic Cu2+ and DOM bonded 

Cu, that released into the solution after mixing 1.0 g/L UHA with 1.6 g/L Cu2+, i.e. 

approximately 74% of Cu2+ formed colloids in the presence of UHA (Figure 4-51). The 

stability constant between HA and Cu2+ is very strong (log KCu
2+

-HA = 8.65-10.95) (Prado 

et al., 2006; Takamatsu and Yoshida, 1978) because the carboxylic groups in HA 

molecules cause a high affinity to the metal ions (Gondar et al., 2006; Prado et al., 2006). 

Cu2+ was partially trapped within UHA and then co-precipitated into colloids, as called 

UHA-Cu, as shown in TEM images (Figure 4-52). These Cu colloids embedded within an 
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organic matrix that were spherical in shape with an average particle size of 8.25 nm 

although they have a hydrodynamic size of over 5 µm (Figure 4-53). 

RHA may exhibit a different interaction with Cu2+ on the formation of Cu co-

precipitates. In the beginning, the Eh of HA decreased to −522 mV as adding reductant 

(NaBH4) and then increased until −117 mV after reducing for 8 hours (Figure 4-50b). The 

standard redox potentials of NOM were revealed to be between 150 and −300 mV depend 

on their functional groups  (Aeschbacher et al., 2009; Aeschbacher et al., 2011). LHA has 

been reported with a redox potential close to −120 mV at the pH of 7 to 9 (under a condition: 

2 g/L of LHA; ne
−=0.54 mmole

−/gLHA) (Aeschbacher et al., 2011). After adjusting the pH to 

7, the precursor, Cu2+ was added to the RHA solution causing a sharp change in Eh (453 

mV) and pH (approximately pH 5). These redox conditions change with time after adding 

the reductant to react with the oxidant of Cu2+. The final Eh of RHA-Cu was approximately 

281 mV after 32 hours of mixing. As compared to UHA, most of the free Cu2+ was 

immobilized by RHA due to the presence of Cu co-precipitated with RHA (Figure 4-51). 

Highly uniform colloids were dispersed in the RHA solution with an average size of 3.6 

nm based on the TEM immages (Figure 4-52). A z-average size of 433 nm was found by 

DLS (Figure 4-53).  

The particle stability of HA-Cu colloids evaluated using a sedimentation curve was 

shown in Figure 4-54. The results clearly suggested that RHA-Cu colloids had higher 

stability as compared to UHA-Cu colloids. RHA-Cu colloids were suspended within the 

HA medium for 100 minutes while UHA-Cu started sedimentation to the bottom, gradually 

losing their stability. Aggregation and sedimentation can significantly reduce the mobility 

and remediation efficiency of engineered NPs in an aquatic environment for water 
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treatment purposes. With the addition of NOM (1 mg/L), the negative surface charge of 

the metal NPs increased significantly, and their propensity to aggregate was reduced 

(Zhang et al., 2009). This behavior was due to the adsorption of NOM molecules onto the 

surface of metal particles, which sterically stabilizes the particle suspension (Delay et al., 

2011). Johnson et al. (2009) noted that Fe NPs were stable and highly mobile at NOM 

concentrations of 20 mg/L or greater. Bian et al. (2011) noted that ZnO nanoparticle 

suspensions became more stable in the presence of HA in a range of 7.3 to 14.3 mg/L, but 

NPs lose their stability at longer durations because the bridging between the NPs via 

multiple functional groups of HA molecules.  HA has different effects on the aggregation 

and stabilization of metal NPs, and these effects are influenced by the water quality factors 

such as pH and IS values (Zhu et al., 2014). In this study, NOM was expected to promote 

not only NP stabilization but also their disaggregation. HA exhibits a strong negative 

charge from –69.0±2.4 mV at pH 11 to –30.2±0.8 mV at pH 3, mainly due to the presence 

of carboxylic acid and phenolic functional groups (Piccolo, 2002).  

 
Figure 4-49. Cu distribution in (a) the Cu2+ system and (b) HA-Cu system predicted by 

Visual MINTEQ. For speciation prediction, CuSO4 concentration was 1.6 g/L and DOM 

(HA) was 500 mg/L. SHM model was applied for the HA-Cu system in this study. 
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Figure 4-50. The Eh and the pH values in (a) the UHA system and (b) the RHA system. 

HA concnetrioant was 1.0 g/L and Cu2+ concentraiton was 1.6 g/L. 

 

 
Figure 4-51. Dissolved Cu in the absence and in the presence of HA after 24 hours of 

synthesis. Initial Cu2+ concentration was 1.6 g/L and HA concentration was 1.0 mg/L. 
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F 

F 
Figure 4-52. The size distribution of Cu colloids in the presence of UHA and RHA, 

calculating by ImageJ and OriginLab software. Particle numbers were 159 and 932 in UHA 

and RHA systems, respectively. 
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Figure 4-53. The hydrodynamic particle size of UHA-Cu and RHA-Cu colloids. The 

signals were presented by the Number distribution.  

 

  
Figure 4-54. The sedimentation curves of HA-Cu NPs. The reading was performed at an 

absorbance of 510 nm. 
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4.6.2. The characteristics of Cu colloids in the presence of HA 

Cu K-edge XANES spectra of HA-Cu samples were illustrated in Figure 4-55 along 

with the corresponding linear combination fits (LCF). Both samples showed one 

resonance-peak range from 8980 to 9000 eV represented “reduced Cu species”. The 

appearance of a peak below 8984 eV indicates the presence of Cu+ in the sample. The 

spectra also appear that the peak at 8979 eV can be taken as a characteristic fingerprint of 

Cu0.  

To quantitatively estimate the amounts of Cu, Cu2O and CuO present, the LCF 

procedure applies four reference standards, namely Cu0, Cu2O, CuO and CuSO4. For Cu, 

the LCF results shown in Figure 4-55 were compiled from Figure 4-56. The energy and 

shape of peaks can provide insight into the type of Cu present, and the height of the peak 

allows quantification of the amount of cuprous ion present. 80% of total Cu was the 

dominant CuSO4 form in the UHA-Cu sample, followed CuO comprised for 20%. In 

contrast, the major Cu species of RHA-Cu colloids comprised CuSO4 and CuO, but also 

small amount of Cu2+ reduced to Cu2O as well as Cu0. As Cu ions complex with HA, 

electrons may transfer directly to HA-Cu complexes and further form Cu0 particles (Fulda 

et al., 2013). In this study, RHA had a significantly higher reducing ability than UHA.  

Maurer et al. (2013) pointed out that the Cu+ binding to HA was found to be stronger 

compared to that of other chalcophilic cations such as Ag+ or Cd2+. According to the 

differences in Cu+ and Cu2+ binding, the presence of HA was found to extend the stability 

field of Cu2+ to moderately reducing conditions and to reduce the stability field of Cu0 due 

to the formation of Cu+ complexes (Maurer et al., 2013).  
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Figure 4-55. XANES spectra and LCF results of HA-Cu colloids. HA concentration was 

1.0 g/L and Cu2+ concentraiton was 1.6 g/L. The standards applied for the fitting were Cu 

foil, Cu2O, CuO and CuSO4. 

 

 
Figure 4-56. The LCF results of (a) UHA-Cu and (b) RHA-Cu. The fitting range was 

between −20 and +30 eV of Cu (8979 eV) 
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4.6.3. The bonding mechanism for Cu colloids in the presence of HA 

From FTIR spectra (Figure 4-57), HA presented a notable peak at approximately 1712 

cm-1, representing free carboxylate groups (Figure 4-57). Ricca et al. (1993) noted that for 

LHA, the carboxyl and phenolic groups represent 30.7 and 69.3% of the total acidity, 

respectively. Peaks in the 2970-2860 cm−1 region was characterized as the CH stretching 

bands of methyl and methylene groups, accompanying a shoulder at 1425 cm−1 that 

assigned as the deformation of CH2 groups. A broad band at about 2600-2500 cm−1 was 

due to the OH stretching vibrations of the H-bonded COOH. A sharp and strong band at 

1715 cm−1 was identified as the C=O stretching vibration of COOH groups in aliphatic 

acids; a large band at 1630-1610 cm−1 could result by overlaying of the asymmetric 

vibration of carboxylate anion and of the C=O stretching band of COOH groups, and 

probably of the -CO stretching of amide. The broad band centered at 1230 cm−1 confirmed 

the presence of COOH groups, this band could be due to the OH deformation mode coupled 

with the C-O stretching mode in carboxylic groups (Cuba-Chiem et al., 2008; Lin et al., 

2009; Max and Chapados, 2004; Ricca et al., 1993). For RHA, the IR spectrum was similar 

with UHA (Maurer et al., 2010). 

There were peaks in both UHA-Cu and RHA-Cu at approximately 1380 and 1550-1618 

cm–1 owing to the symmetric and asymmetric carboxylate vibrations, indicating that the 

HA complexes with Cu2+ via chemical bonding. The carboxylic acid groups of HA (R-

COOH) were converted to carboxylates (R-COO–) by forming coordinate bonds with Cu2+. 

The separation ∆ν  between the asymmetric and symmetric stretching vibrations of R-

COO– was obtained from the FTIR spectra of the HA-Cu complexes. The bonding 

mechanisms are summarized as monodentate chelating ( ∆ν  from 200 to 320 cm–1), 
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bidentate chelating (∆ν is less than 110 cm–1) and bidentate bridging (∆ν from 140 to 190 

cm–1) (Kirwan et al., 2003; Wu et al., 2004). The ∆ν value (228 cm-1) for the RHA-Cu was 

significantly larger than the reference value of ∆ν for uncomplexed -COO–, demonstrating 

that R-COO– of RHA formed an unidentate complex with Cu2+. The peaks at 1381 and 

1550 cm–1 in UHA-Cu were insignificant, and the formation of bonding between UHA and 

Cu2+ was unclear, although a ∆ν value of 169 cm–1 was observed. 

In contrast, Lu and Allen (2002) noted that the phenolic groups in humic substances 

interact with metal ions. Phenolic, rather than the more acidic carboxyl sites, account for 

the majority of the DOM-Cu complexation under natural water conditions, and the 

complexation is principally through the replacement of H+ by Cu2+ at the phenolic binding 

sites. However, FTIR spectra reveal that carboxylic acid groups were the major sites 

accounted for the HA-Cu complexation rather than phenolic groups in this study. 

 

 
Figure 4-57. FTIR spectra of HA-Cu. IR technique was associated with synchrotron 

radiation. 
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Table 4-3. Peak wavenumber and vibrational mode for HA and HA-Cu systems. 

Wavenumber (cm-1) Vibrational mode 

HA UHA-Cu RHA-Cu  

613 601 619 C≡C-H 

- 977 947 C-H stretch 

- 1124 1109 C-OH stretch 

1230 1186 1200 C-O stretch (carboxylic acid)  

- 1381 1380 -COO− symmetric stretch 

1427 - - -CH2 asymmetric deformation 

- 1550 1618 -COO− asymmetric stretch 

1612 - - C-C stretch (aromatic ring) 

1712 - - C=O stretch (carboxylate or aldehyde) 

2630 - - O-H stretch (carboxylic acid) 

2848 - 2852 C-H stretch  

2916 - 2921 C-H stretch  

Ref: (Cuba-Chiem et al., 2008; Lin et al., 2009; Max and Chapados, 2004; Ricca et al., 

1993) 

 

 

4.6.4. The reaction mechanism for Cu colloids in the presence of HA 

The removal of RB5 within 24 hours by HA-Cu colloids could be described in terms 

of its first-order-reaction constant (Figure 4-58). The results revealed that HA did not seem 

to affect the RB5 removal. The presence of RHA-Cu colloids promoted a removal rate 

(kobs=0.34 h–1) as compared with the UHA-Cu samples (kobs=0.11 h–1). RB5 in the NaBH4 

control system did not vary with time in 24 hours, indicating that the reductant of NaBH4 

applied here would merely an effect on the RB5 transformation. 

The transformation of RB5 structure causes a color-changed phenomenon that further 

interrupted the measurement of RB5 concentration, thus notable error bars was observed 

in HA-Cu systems (Figure 4-58). Therefore, to completely elucidate the decolorization 

mechanisms of RB5 by UHA-Cu colloids, the UV-vis absorption spectra of RB5 were 

examined with time, as shown in Figure 4-59. For RB5, the UV-vis spectrum consisted of 
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two main characteristic absorption bands (Figure 4-59a), one in the UV region (310 nm) 

and the other in the visible region (596 nm). The UV band is characteristic of two adjacent 

rings, whereas the visible band represents the long conjugated π system linked by two azo 

groups (Lucas and Peres, 2006). When RB5 was removed by UHA-Cu colloids, it can 

clearly be observed that the intensity of the absorption peak in the visible region (596 nm) 

disappeared in several hours. The UV band at 310 nm was also observed to vanish but at a 

faster rate than the visible band. During the degradation, the absorbance values diminish 

across the spectral window and no specific peak remains after the reaction. 

A comparison for the RHA-Cu samples exhibited a diminution of the absorption peak 

at both the visible and the ultraviolet λmax; in the meantime, an appearance of new 

absorption peaks was found at wavelengths of approximately 350 nm and 530 nm (Figure 

4-59b). Both the blueshift in the visible λmax of 596 nm to 530 nm and the redshift in the 

UV λmax of 310 nm to 350 nm indicated of structural changes in RB5 molecules that leaded 

to the change in their color. Sugano et al. (2009) attributed this phenomenon to the 

formation of red molecules resulting from the cleavage of one of the two azo bonds in the 

RB5 molecule, which then mixed with the unreduced RB5 molecules. The absorbance at 

596 nm decreased and the absorbance at 500-530 nm increased as the color of the reaction 

solution became red-brown, which has been identified as 2,2’-disulfonyl azobenzene 

(Sugano et al., 2009). A change in the structure of RB5 under anaerobic conditions had 

been previously reported in activated sludge (Bonakdarpour et al., 2011). One of the two 

azo bonds in the RB5 molecule was stabilized in the ketohydrazone form, whereas the other 

existed in the azo form. The reduced metal particles with higher chemical reactivity have 

a preference for the cleavage of the two azo bonds; however, our RHA-Cu colloids could 
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not have such a good reactivity. RHA-Cu could reduce RB5 by break one azo bond and 

may form 2,2’-disulfonyl azobenzene. 

 

Figure 4-58. The removal of RB5 by HA-Cu colloids. The initial concentration of RB5 was 

10 mg/L, HA and Cu2+ concentrations were 1 g/L and 1.6 g/L, respectively. The error bar 

in Figure 4-58 represent the standard error of an average over duplicated batch experiments.  

 

 
Figure 4-59. UV-visible spectra (200-750 nm) of RB5 at different time intervals during the 

reactions with (a) UHA-Cu and (b) RHA-Cu colloids. 
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Chapter 5 Conclusions 

The findings of this study can be summarized by pointing out the interactions and detail 

mechanisms of well-suspended Fe NPs under environmentally relevant conditions and 

subsequently their potential for remediation in natural environments. 

First, the US/stirring system dispersed bare Fe NPs most effectively in all the used 

physical dispersion methods (shaking, stirring, US and US/stirring) to the original nano-

scale size. Dispersing the aggregates of Fe NPs resulted in an increase in adsorption of PCP 

onto the Fe surface. Under the operating conditions, US did not affect the surface 

characteristics of Fe NPs. In the presence of common anions (Cl−, NO3
− and HCO3

−), NO3
− 

was reduced by Fe NPs and generated more Fe (hydro)oxides that responded to adsorption 

or coagulation of the target compound; HCO3
− significantly inhibited the Fe reactivity 

because the Fe carbonate precipitates blocked the adsorption and reaction sites on the Fe 

surface while Cl− only caused a small increase in the Fe reactivity (Scheme 5-1a). These 

results offer the information to better understand the activity and removal mechanism of 

bare Fe NPs as well as the common ion effects. 

In the CMC dispersion method, the CMC layer could suspend Fe NPs very well and 

disperse NPs into individual particles instead of nanoparticle aggregates. Due to the 

properties of CMC, the reactivity of CMC-Fe NPs to DBDE increased under alkaline 

conditions. The CMC layer may induce diffusion of the target compound to the Fe surface. 

Therefore, the activation energy of CMC-Fe NPs (37.69 kJ mol−1) toward DBDE revealed 

that a surface chemical reaction rather than a diffusion-mediated reaction was the rate-

limiting step in the reaction. However, these layers could also inhibit the electron transfer 

from the surface to the molecules of the target compound. Anions did not influence the 
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reactivity of CMC-Fe NPs when compared to bare Fe NPs. CMC layers may hinder the 

attachment between anions and the Fe surface, also prolong the reactivity of Fe NPs in the 

environment (Scheme 5-1a). These results suggest some potential for CMC-Fe NPs for in-

situ treatment which may prove profitable for future studies in the field of nanoremediation.   

Second, common carboxylic ligands (FA, OA and CA) were chosen to investigate their 

effect on the reactivity toward TCE and surface characteristics of Fe particles. The 

reactivity of Fe particles in the presence of 30 mM carboxylic groups followed an order of 

FA > OA > pure water ≅ CA. These carboxylic ligands did induce the reactivity of Fe 

particles by dissolving Fe oxides from the Fe surface via proton- and ligand-promoted 

processes. FA provides protons to promote the dissolution of passive layers. Moreover, 

magnetite formed on the Fe surface in the presence of FA may further be responsible for a 

high adsorption of the target compound. With the strong complexing ability of OA and CA, 

passive layers could form dissoluble complexes via a ligand-promoted dissolution process. 

For formate and citrate, increasing the ligand concentration enhanced the reaction rates; 

but high concentration of OA resulted Fe oxalate being reprecipitated back onto the Fe 

surface which then inhibited its reactivity. Furthermore, the formation of Fe-ligand 

complexes may have the ability to transform the target compound and its byproducts 

depending on their redox properties (Scheme 5-1b). 

Third, the activities of Fe (Cu) complexes/colloids with HA pointed out the potential 

of Fe NPs for subsequent treatments. The activity of Fe2+ and HA-Fe complexes toward 

RB5 is a pH-dependent reaction that has strong interactions toward the target compound at 

pH 9. Fe complexes with RHA have higher reactivity than those with UHA; but the 

complex form potentially reduced Fe2+ reactivity because of electron competition with the 
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target compound. RHA prevented Fe2+ from precipitating but also caused further Fe2+ 

oxidation. Therefore, under anaerobic conditions, Fe colloid-mediated reductions may be 

the dominant pathway in natural systems containing high concentrations of Fe colloids in 

solution. In the presence of HA, RHA-Fe complexes may significantly influence the Fe 

distribution and decrease the reactivity of Fe2+ (Scheme 5-1c). Furthermore, HA co-

precipitated Fe and Cu colloids showed abilities to remove the target compound. HA-Cu 

colloids even had a higher capacity than HA-Fe colloids and revealed clearly the shape and 

morphology. RHA-Cu colloids were stably dispersed in solutions with a size of 3.60 nm. 

Among them, a small amount of Cu ions was reduced to zero-valent by RHA, whereas 

UHA resulted in the formation of polydispersed Cu colloids with a size of 8.23 nm. RHA-

Cu colloids also had a stronger reactivity than UHA-Cu colloids to break azo bonds in the 

molecules of the target compound. These results provide us to understand the 

characteristics and reactivity of metal complexes/colloids with HA in reducing 

environments and pointed out the potential of these complexes/colloids for the green 

remediation. 

This study presents a clear concept about the reaction characteristics of Fe NPs that 

were well suspended under different conditions and in the presence of organic ligands. 

Moreover, for sustainable/green remediation, HA associated Fe (Cu) complexes and 

colloids in the reducing environment have the ability to transform organic contaminants.  
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Scheme 5-1. The concept of this study. (a) The reaction mechanism of well-suspended Fe 

NP by the physical and the chemical dispersion methods (b) the effect of carboxylic ligands 

on the surface of Fe particles, (c) the interactions of HA and Fe (Cu) complexes/colloids. 
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Supporting information 

 

Table S1. The chemical properties of Leonardite HA (1S104H) (data offered by IHSS website: 

http://www.humicsubstances.org/index.html)  

Elemental compositions and stable isotopic ratios  

H2O Ash C H O N S P δ13C δ15N 

7.2 2.58 63.81 3.7 31.27 1.23 0.76 <0.01 -23.8 2.13 

C, H, O, N, S, and P are the elemental composition in %(w/w) of a dry, ash-free sample. 

δ13C and δ15N are the abundances of the respective stable isotopes in units of per mil, or 

o/oo. 

Acidic Functional Groups 

Carboxyl Phenolic 

7.46 2.31 

Carboxyl is the charge density (meq/g C) at pH 8.0; Phenolic is two times the change in 

charge density (meq/g C) between pH 8.0 and pH 10.0. 

13C NMR estimates of carbon distribution  

Carbonyl Carboxyl Aromatic Acetal Heteroaliphatic Aliphatic 

220-190 ppm 

190-165 

ppm 

165-110 

ppm 

110-90 

ppm 90-60 ppm 60-0 ppm 

8 15 58 4 1 14 

This table contains the electronically integrated peak area percentages for selected ranges 

of chemical shift. 
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Figure S1. The PCP byproduct analysis. 
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Figure S2. The ROS intensity in the US system after US irradiation for 40 minutes. 

 

 
Figure S3. The removal of PCP with CMC-Fe and CMC-Ni/Fe. CMC concentration was 

0.067 mM, Fe dosage was 12 g/L, Ni loading was 0.5 wt%, and PCP initial concentration 

was 5 mg/L (Lin, 2012). 
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Figure S4. The removal of PCP by NZVI in the presence of organic ligands. Initial 

concentration of ligand was 100 mM. PCP concentration was 5 mg/L, Fe dosage was 1.5 g/L 

and initial pH was pH 3.0 (Ou, 2012).  

 
Figure S5. The removal of PCP with HA-Cu NPs. The initial concentration of PCP was 1 

mg/L, HA and CuSO4 concentrations were 1.0 g/L and 1.6 g/L, respectively. 
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